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Small streams are hotspots for denitrification, emissions of a potent 
greenhouse gas nitrous oxide (N2O), and are also highly connected to their 
watersheds via groundwater flowpaths. In-stream, reach scale denitrification and N2O 
production as well as biogenic nitrogen gases delivered by groundwater were 
investigated in one small agriculturally impacted watershed. Groundwater was an 
important source of biogenic N2, but most N2O was produced in-stream and emissions 
were relatively high. 
In addition, agricultural streams significantly contribute to nutrient loading 
and degradation of downstream aquatic ecosystems. Export and transport mechanisms 
of nitrogen and phosphorus were investigated during base and stormflow in three 
watersheds with varying amounts of agricultural and forested land use. Quickflow, 
which is associated with storms, transported most of the phosphorus and ammonium 
in the agricultural watersheds, but quickflow had little impact on nutrient 
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Chapter 1: Estimating in-stream production and groundwater 
delivery of N2 and N2O using open channel methods 
Abstract 
Small streams are hotspots for denitrification and potentially N2O emissions 
and are also highly connected to their watersheds via groundwater flowpaths. Open 
channel methods were used to estimate reach scale N2 and N2O production occurring 
in-situ as well as the rate of biogenic N gas input from groundwater in a small 
agriculturally impacted watershed. Groundwater was an important source of biogenic 




), accounting for 38-100% of the total N2 production in 





In contrast, N2O was largely produced in-situ, and groundwater inputs contributed on 





. Antecedent stream stage and temperature were significantly related to total 
N2 production (r
2
 = 0.81 and 0.42 respectively) and N2O emissions (r
2
 = 0.60 and 0.85 
respectively), representing controls over days (hot moments) and seasonal time 
scales. N2O emission factors (EF5-g) for streams (mean = 0.29%) agreed with the 
current IPCC value of 0.25%; however, EF5-g estimated from emerging groundwater 








Anthropogenic nitrogen (N) inputs have negatively impacted aquatic 
ecosystems around the world (Diaz and Rosenburg 2008), altered biogeochemical 
cycles, and contributed to global climate change (Vitousek et al. 1997). Increasing N 
loads to coastal systems have also enhanced phytoplankton production, a process 
described as eutrophication (Nixon 1995). This can lead to decreasing oxygen 
concentrations in bottom waters, or hypoxia, from the decomposition of organic 
matter with cascading ecological consequences (Diaz 2001; Kemp et al. 2005). N 
inputs have also stimulated diffuse emissions of nitrous oxide (N2O), which is now 
the dominant ozone depletor (Ravishankara et al. 2009) and a greenhouse gas with 
289 times the global warming potential of carbon dioxide (Shine et al. 2005). 
The Chesapeake Bay, to which the watersheds in this study drain, has suffered 
from hypoxic bottom waters, declining fisheries, and loss of submerged aquatic 
vegetation as a result of N and phosphorus (P) inputs contributing to eutrophication 
(Kemp et al. 2005). A majority of nutrient inputs in the Chesapeake are agricultural in 
origin (Fisher and Oppenheimer 1991). It is critical to understand and quantify the 
fate and transport of N through these agricultural watersheds within the Chesapeake 
Bay region to develop management strategies that reduce the human impact on water 
and air quality. 
Denitrification, or microbially-mediated anaerobic reduction of nitrate (NO3
-
) 
to N2 gas, is an essential process to protect water quality, yet it remains the least 
understood transformation in the aquatic and terrestrial N cycle (Groffman et al. 




often unbalanced (i.e. inputs > outputs). This is known as “missing nitrogen”, defined 
as the difference between anthropogenic N inputs and riverine N export from a 
watershed. The missing N often accounts for a majority (~75%) of N inputs to large 
watersheds (Howarth et al. 1996; Jordan and Weller 1996; Van Breeman et al. 2002). 
Stream networks impacted by anthropogenic N inputs could provide a discrete 
location within a watershed (relative to the larger terrestrial area) to find missing 
nitrogen in the form of biogenic N gases, since streams are hotspots for denitrification 
(Duff and Triska 1990; Garcia-Ruiz et al. 1998). Gaining headwater streams are also 
highly connected to their catchments delivering additional NO3
-
 and biogenic N gases 
via groundwater flowpaths, where presumably little N gas loss to the atmosphere 
occurs. 
Denitrification can also negatively impact the environment through N2O 
production if the process is inhibited prior to complete reduction to N2.  N2O is also a 





largest source of N2O to the atmosphere is a result of these natural microbial 
processes occurring in terrestrial and aquatic systems impacted by agricultural N 
inputs (Mosier et al. 1998; Foster et al. 2007).Yet denitrification represents one of the 
more important permanent nitrogen removal pathways and is a critical process for 
protecting water quality despite producing residual N2O. 
Among aquatic ecosystems, rivers have high areal rates of denitrification as 
well as spatial and temporal heterogeneity (Groffman et al. 2006; Pina-Ochoa and 
Alvarez-Cobelas 2006). This creates large uncertainties in N losses from streams and 




denitrification controls (i.e. availability of NO3, electron donors, O2, and presence of 
microbial denitrifiers) that was largely derived from laboratory studies (Anderson 
1977; Knowles 1982; Seitzinger 1988; Garcia-Ruiz 1998). Reach scale, in-situ studies 
are needed to elucidate controls and constrain variability at scales relevant to 
watershed management and modeling.  
Until recently, N2O fluxes from lotic environments have received less 
attention compared to terrestrial systems despite evidence from modelling (Seitzinger 
and Kroeze 1998) and empirical studies (Baulch et al. 2010; Beaulieu et al. 2011) 
suggesting that streams and rivers could be a significant N2O source. There is much 
uncertainty around the magnitude of global N2O emissions from aquatic systems due 
to the potentially high, but variable, rates of denitrification and nitrification. The 
International Panel on Climate Change (IPCC) estimated 35% of anthropogenic N2O 
emissions are from groundwater, streams, and rivers (Mosier et al. 1998). These 
sources are known as indirect emissions that are a result of microbial transformations 
of leached N, and N2O fluxes are estimated using emission factors. The emission 
factor for streams and groundwater (EF5-g) is 0.25%, which is the estimated 
proportion of leached N inputs that escape to the atmosphere as N2O. There is some 
controversy around emissions factors, and several studies have demonstrated that 
global models overestimate N2O emissions when compared to measurements over 
local areas (Harrison and Matson 2003; Clough 2007).  
  Streams are integrators of watershed biogeochemistry. Sampling a stream at a 
given point integrates the heterogeneity of upstream groundwater flow paths as well 




biogeochemical processes occur across the watershed in the stream, aquifer, vadose 
zone, and converge in the stream network where water masses containing different 
amounts of biogenic denitrification products, N2 and N2O, mix and exchange with the 
atmosphere. Sampling emerging groundwater at discrete locations in a stream 
network typically reveals the complexity and variability of groundwater flow paths 
and chemistry (Werner et al. 2010), making it difficult to assess the importance of 
biogenic gases in groundwater. Utilizing a reach scale approach, such as the open 
channel method, integrates this variability and may provide insight into groundwater 
as well as in-stream processes.  
The open channel method for estimating in-stream denitrification (Laursen 
and Seitzinger 2002; McCutchan et al. 2003) has provided a relatively precise and 
cost effective means for measuring reach scale, in-situ denitrification in a variety of 
riverine systems (Yan et al. 2004; Harrison et al 2005; Pribyl et al. 2005; Smith et al. 
2008). It has been noted such methods could help identify whole stream controls of 
denitrification and broaden our understanding by overcoming the small scale spatial 
heterogeneity. Laursen and Seitzinger (2002) developed a multi-station method that 
applies a Lagrangian sampling design to estimate denitrification within a moving 
parcel of water while accounting for atmospheric exchange. McCutchan et al. (2003) 
presented a one-station approach with a single sampling location that directly 
calculates denitrification correcting for atmospheric exchange and groundwater 
inputs. Both methods are mathematically identical and involve a whole stream N2 





Since the open channel method involves a mass balance, it cannot separate 
specific processes, such as annamox from denitrification with regards to N2 
production, and nitrification from denitrification with regards to N2O production. 
Also, the calculated N2 production rates represent net denitrification (N2 production – 
N fixation). However, N2 production is believed to be a good approximation for 
denitrification in systems with high reactive N concentrations that would inhibit N 
fixation (Laursen and Seitzinger 2002).    
Groundwater inputs are typically subtracted away when applying the open 
channel method in order to isolate in-stream processes, but we included groundwater 
inputs to estimate the flux of biogenic N2 and N2O from emerging groundwater. We 
also evaluated a recently proposed 
222
Rn based method (Knee et al. in prep) for 
estimating gas exchange velocity (k).  
Gas exchange across the air-water interface is an important rate controlling 
parameter in biogeochemical budgets and metabolism studies of aquatic systems 
(Marzolf et al. 1994; McCutchan et al. 1998; Laursen and Seitzinger 2005). Open 
channel methods depend upon accurate measurements of k, which is often estimated 
using injections of inert gases (propane and SF6), making it the most laborious 
parameter to determine. There is a need for alternative methods of empirically 
estimating k in streams. Radon (
222
Rn) has long been used as a tracer for groundwater 
(Ellins et al. 1990; Genereaux et al. 1993) and to estimate k in the open ocean in 
combination with radium isotopes (Peng et al. 1979; Smethie et al. 1985). Yet, there 
are few examples of deriving k directly from 
222
Rn in streams (Wanninkhof 1990) 




naturally high concentrations in groundwater, and negligible atmospheric 
background.  
The objectives of this study are to 1) quantify biogenic N2 and N2O 
accumulation in streams from  in-stream and groundwater sources, 2) evaluate a 
recently developed method for estimating gas transfer velocity (k) using 
222
Rn (Knee 
et al. in prep), and 3) examine reach scale controls of N2 production and N2O 
emissions in one small stream network. Specific hypotheses that were tested include 
1) small agricultural streams are hot spots for accumulation of biogenic N2 and N2O 
due to both in-situ production and groundwater delivery, and 2) hydrology is an 




The study sites are located in the Choptank River and Nanticoke River Basins 
which drain into the Chesapeake Bay from the Delmarva Peninsula. This area lies 
within the Atlantic coastal plain physiographic region and is characterized by flat 
topography (<30 m asl). The hydrogeomorphology ranges from poorly drained 
uplands with shallow streams to well-drained, sandy soils with incised stream 
channels (Hamilton et al. 1993). Land use in the Choptank Basin is dominated by 
agriculture (62%), followed by forest (26%) and a small urban component (5%) 
(Norton and Fisher 2000; Fisher et al. 2006). The climate is humid temperate with an 




stream hydrology is largely driven by seasonal variation in evapotranspiration (Lee et 
al. 2000).  
Specifically, this study was focused on Baltimore Corner (BC) watershed 
located within the upper Choptank Basin (Figure 1). BC is a small watershed (4.8 
km
2
) containing 25.6% agricultural, 59.6% forest, and 13.1% fallow, and 1.7 % 
impervious structures. The stream network has been largely channelized to drain 
adjacent lands in production under a corn-wheat-soybean rotation. Soils are generally 
well drained sandy loams with 67.6% of the watershed classified as partially hydric 
but only 1% as hydric. Stream sediments are largely composed of sand with localized 
accumulation of organic matter and fine sediments.  BC1, BC2 and BC3 are the three 
branches in the BC watershed and are named in order of greatest to least discharge. 
These reaches are relatively similar in channel morphology and chemistry. However, 
BC2 differs from the others in its lower NO3
- 
concentration, abundant emergent 
vegetation during summer months, higher dissolved organic carbon (DOC) 
concentration, and generally wider channel. The portion of the reach that was 
sampled measured 364, 109, and 227 meters in length for BC1, BC2, and BC3 
respectively, but BC2 was expanded to 320 meters for one study. 
Additional studies were conducted in stream reaches near the watershed outlet 
of two vastly different sites in terms of land use and as well as stream morphology 
compared to the BC streams. Marshy Hope (MH) is a small (1.36 km
2
) 99% forested 
watershed in Nanticoke River Basin with very low N and P concentrations (Figure 1). 
South Forge (8.49 km
2
) lies within the Choptank Basin and is dominated by 





Figure 1. Map study Choptank Basin and location of study sites within the Basin. The 
downstream sampling points are represented by black triangles. Within the small study 
watersheds gray indicates forest cover and white agricutlure/fallow area. 
 
The main channel of the SF stream network is not channelized and has an intact 
floodplain containing mature forest. Most of the SF stream network (55%) is 




Eleven open channel studies were conducted in the BC watershed using the 
one station approach (McCutchan et al. 2003). Each study was completed in six to 
eight hours during daylight, and repeated seasonally from September 2012-July-2013 
in the three main stream reaches. One study in each of the MF and SF reaches was 
conducted fall 2012. By reducing the effort from the typical 12-24 (McCutchan et al. 
2003; Laursen and Seitzinger 2002) to a 6 hour study period, the goal was to allow 
for more spatial-temporal coverage within a stream network. However, this approach 
sacrifices the ability to investigate diel variability in production, and rates are only 
representative of daytime when in-stream N2 production is generally greater and N2O 
emissions may be lower (Laursen and Seitzinger 2004; Harrison et al. 2005).   
Groundwater Sampling 
Groundwater discharge into the stream reach was estimated by the difference 
in streamflow between the upstream and downstream sampling points. The piston 
velocity (Vgw, m s
-1
) was then calculated by dividing groundwater discharge by 
surface area measured from 10-12 cross sections multiplied by the reach length as 





SA is the reach surface area (m
2
). 
               ⁄  (Eq. 1) 
Streamflow was determined using a constant injection of a conservative 
tracer. A solution of sodium bromide (NaBr) was injected at a rate of 23 mL min
-1
 
using a peristaltic pump at an upstream location and allowed to mix over 50 meters of 
stream length. At the upstream and downstream points, water was sampled in 60 mL 
plastic bottles every 15 minutes for Br
-
















). Stream flow (Q, L s
-1
) was calculated at both points using the injection rate (r, 
L s
-1






















pre) (Eq. 2) 
Streamflow was also estimated by measuring cross sectional area and velocity 
(Flo-Mate, Marsh-McBirney, Loveland, CO). Discharge calculated from the area-
velocity and conservative tracer methods agreed well at the downstream site (r
2
=0.91, 
P <0.001; see Table 1 for description of all regressions). 
Groundwater was sampled from 3-5 in-stream polyvinyl-chloride (PVC) 
piezometers (5 cm inner diameter) with a 20 cm screen length at a depth of 40-60 cm 
below the streambed. Hydraulic head was measured using a water level detector 
(Solinst model 101M, Georgetown, Canada) or meter stick. Piezometers were 
pumped dry with a peristaltic pump (Solinst model 410, Georgetown, Canada) and 
allowed to recharge immediately prior to sampling for dissolved gases. A small 
submersible pump (Whale Water Systems Inc., Manchester Center, VT) with positive 
pressure was used for sampling to reduce potential stripping of dissolved gases by 
negative pressure while pumping.  
Dissolved gas samples were overflowed several volumes prior to covering 
with septa and caps. N2, O2, and argon (Ar) were sampled in quadruplicate in 27 mL 
glass tubes, N2O was sampled in duplicate, 
222
Rn was sampled in duplicate or 
triplicate in 250-mL glass bottles with septa, and one additional sample was taken for 
anion analysis. Dissolved organic carbon (DOC) was also sampled in 250 mL amber 




Table 1. Details for all regressions including x and y variables, equation, r
2
, P-value and 
sample size (n). 
Sites x y Equation r
2












































































































































y=0.07x-3.4 0.10 0.35 11 
BC ASD (cm) 






y=0.22x-1.7 0.82 0.0001 11 
BC ASD (cm) 






y=0.14x-3.5 0.60 0.005 11 
BC ASD (cm) 




















 0.85 <0.0001 11 
BC ASD (cm) 






y= 3.35x-51.9 0.6 0.0052 11 
BC, 
SF,MH 












y= 0.022x+0.028 0.80 <0.0001 13 
BC, 
SF,MH 






















Surface water Sampling 
A YSI multiprobe instrument (Model 556 MPS, Xylem Inc., Yellow Springs, 
OH) was placed at mid-depth in the stream thalweg to measure stream temperature, 
pH, specific conductivity, salinity, dissolved oxygen (DO) concentration, and DO % 
saturation every minute. Barometric pressure was measured on-site every 10 minutes 
or less using a pressure transducer (Model 3001, Solinst Gold Levelogger, Canada). 
Air temperature data was downloaded from the closest Weather Underground station 
(Church Hill, MD ~16 km from BC watershed) that had high frequency (5 minute) 
data available for all study dates.  In addition to monitoring during field studies, 
temperature and stage were continuously measured at 30 minute intervals using 
Solinst pressure transducers fixed to a cinderblock on the streambed near the 
downstream point of each reach. Rating curves have been developed to covert stage 
to discharge (Fisher et al. 2010). 
Surface water samples for N2, O2, Ar (quadruplicate), and N2O (duplicate) 
were collected every two hours at the downstream site. Vinyl tubing (2 mm inner 
diameter) was placed in a 27 mL glass tube that was inserted upside-down into the 
thalweg of the stream until the glass tube was completely submerged. The tubing 
provided a vent for air and was removed prior to covering the tubes with 
Teflon/silicon septa and caps underwater. 
222
Rn was measured every 10 minutes at the same sampling site by 
continuously pumping stream water with a submersible pump (Whale Water Systems 
Inc., Manchester Center, VT) through a RAD-AQUA attachment connected to a 




the RAD-AQUA chamber, which was continuously monitored for temperature in 
order to convert 
222
Rn in air to 
222
Rn in water according the equations provided in the 
RAD7 manual. 
Laboratory Analysis 
Ground and surface water samples were held on ice or in a refrigerator (4 
o
C) 
until analysis, except for groundwater 
222
Rn samples which were kept at ambient 
temperature and analyzed within 24 hours. Samples for dissolved gases N2, O2, and 
Ar were generally analyzed within 48 hours of collection at Horn Point Laboratory 
using a quadruple mass spectrometer with a membrane inlet (MIMS; Kana et al. 
1994). One standard was prepared with deionized water in a glass flask and allowed 
to equilibrate overnight in a water bath under constant stirring. MIMS was calibrated 
to the mean stream temperature over the day in which the samples were collected. 
Standards were measured initially and every 40 samples. Ion currents from the 
standards bracketing each set of ~40 samples were used to correct for instrument 
drift. Corrections in N2 and Ar due to O2 scavenging were also applied based on 
empirical relationships between O2 ion currents and the magnitude of scavenging 
(Fisher et al. 2010; Fox et al. 2014). Equilibrium concentrations for N2 and Ar were 
estimated using temperature, barometric pressure, and solubility curves provided in 
Hamme and Emerson (2004) and for O2 in Garcia and Gordon (1992).  
Dissolved N2O was measured using a Shimadzu Gas Chromatograph-14B 
(Shimadzu Corp, Kyoto, Japan) equipped with an electron capture detector within 24 
hours of collection. Seven mL of water was injected into N2-purged 12 mL 




atmospheric pressure. Exetainers® were shaken vigorously for 4 minutes and allowed 
to equilibrate at room temperature for at least 30 minutes prior to analysis. The 
dissolved concentration in water was calculated using water sample and headspace 
volumes as well as solubility data for the measured room temperature and pressure 
(Weiss and Price 1980). DOC was measured at Horn Point Laboratory Analytical 
Services using a Shimadzu TOC-5000A analyzer (Shimadzu Corp, Kyoto, Japan). 
 Analysis of anions and groundwater 
222
Rn samples was conducted at the 
Smithsonian Environmental Research Center in Edgewater, Maryland. Grab samples 














 were measured using a Dionex ion chromatograph fitted with a KOH eluent 
generator, a conductivity detector, and an AS18 separatory column (Thermo Fisher 
Scientific, Waltham, Massachusetts, USA). Groundwater 
222
Rn grab samples were 
analyzed using a RAD7 with a RAD-H2O radon-in-water attachment (Durridge, 
Billerica, MA).  
Gas Transfer Velocity 
Gas transfer velocity (k) was estimated using two inert, noble gases, Ar and 
222
Rn, with a one-station approach. As noted in Laursen and Seitzinger (2004), when 
measured Ar concentration in surface water deviates from equilibrium concentration k 
can be estimated by the rate of re-equilibration needed to predict observed Ar 
concentrations. The McCutchan et al. (2003) N2 production equation was solved for 
reaeration coefficient (K, min
-1
) and substituted with Ar data as follows; 
   
      
  
               
          




where K is the reaeration coefficient (min
-1
), Ct is final concentration (mmol m
-3
), Co 
the initial concentration (mmol m
-3
), Z is the mean depth of the channel (m), Cg is 
measured concentration in groundwater (mmol m
-3
), Vgw is the flux of groundwater 
per unit area (m min
-1
), Ceq is the equilibrium concentration at time t (mmol m
-3
), and 
∆t is the time interval (min). Reaeration coefficients were converted to a gas transfer 
velocity (k, m min
-1
) by multiplying by depth and then converted to a common 
Schmidt number of 600 (k600, m min
-1
) using the following equation (Wanninkhof 
1992). 
                ⁄  
  
   ⁄       (Eq. 4) 
Schmidt numbers were calculated based on table 1 of Raymond et al. (2012), and an 
exponent of 2/3 was used for these low-gradient streams with little surface turbulence 
(Jahne at al. 1987). The gas transfer velocities were averaged to produce a daily mean 
k600 (m min
-
1) for each study.  
 Gas transfer velocity using 
222
Rn was calculated using three different 
methods. Method 1 applies equation (3) to 
222
Rn data. Gas exchange velocity was 
estimated at 10 minute intervals (sampling frequency of surface water 
222
Rn 
measurements) with assumptions of constant groundwater input and an equilibrium 
concentration of zero. Method 2 is identical to method 1 except that the stream 
222
Rn 
data was smoothed first using local polynomial regression fitting (loess function; R 
3.0.2). Figure 2 shows raw 
222









Method 3 solves for k using a 
222
Rn mass balance similar to Wanninkhof (1990) for a 
one meter long stream reach (Figure 3) assuming the 
222
Rn flux out of the reach 
differs from the flux into the reach due only to groundwater inputs and loss to the 
atmosphere (i.e. 
222
Rnsw concentration in = concentration out) as follows, 
   
                              
        
  (Eq. 5) 
 
Figure 2. Patterns in surface water 
222
Rn activity (sampled every 10 minutes) from 
all studies in the BC (11 studies) and SF (1 study) streams. Lines are local polynomial regression 





Figure 3. Conceptual model of stream reach 
222
Rn mass balance at steady state based on 
model of Wanninhof (1990) and Knee et al. (in prep). The surface water radon activity 
(
222
Rnsw) in equals the surface water activity out. This was used to estimate the rate of 
222
Rn 
loss to atmosphere and thus gas exchange velocity. 
 
where Rnsw is the concentration in surface water (Bq m
-3
); Rngw is the concentration 
in groundwater (Bq m
-3












); SA is the stream surface area (m
2
). k600 was calculated at 10 minute intervals 
and averaged over the sampling period. Radioactive decay was negligible since the 
travel time through the full reach length (0.01-0.17 days) was much less than 
222
Rn 





The concentration of Ar in surface water was modeled by solving equation (3) 
for Ct as follows. 
    
                 
        
   (Eq .6) 
Modeled Ar was compared to measured Ar concentrations (Figure 4) and acted as a 
validation of the open channel model as noted by Laursen and Seitzinger (2002).  Ar 
should behave conservatively, and therefore modeled concentrations should agree 
with measured concentrations if the terms are accurately quantified.  
Estimation of N2 and N2O production 
Biogenic N2 and N2O accumulation from both in-stream production (Pst), and 
production occurring within the watershed delivered to the stream via groundwater 
(Pgw), were calculated using the one station open-channel method (McCutchan et al. 
2003). This approach is based on a stream N2 (or N2O) mass balance and assumes a 
well-mixed stream with a constant velocity and groundwater flux. PT is the total 
biogenic N gas accumulation in the stream reach from in-stream and groundwater 
sources. PT was estimated using recharge (i.e. physical) N gas concentrations in 
groundwater using Ar as a tracer for groundwater recharge temperature. Pgw was 
estimated by subtracting Pst from PT. Pgw is thus constant over the sampling period; 
however, Pst varies as would be expected of in-stream processes.  PT and Pst were 
directly calculated between sampling intervals (t= 2 hours) as follows. 
    
      
  






Figure 4. Examples of Ar modeling in stream water over a 6 hour period. The top panel is an 
example where the Ar was overestimated compared to measured. The middle panel shows 
good agreement. The bottom panel is data from the study with the poorest agreement between 





The only difference being Cg equals the recharge N2 or N2O concentration when 
estimating PT, but Cg equals the measured concentration in groundwater when 
estimating Pst. The variables Cg, Vgw, and Z are assumed constant over the 6-8 
sampling period (variables defined in Eq. 3). Ceq was re-calculated based on one-
minute stream temperature data and corrected for air temperature, barometric 
pressure, and relative humidity (assumed constant 100% humidity at the air-water 
boundary layer). The daily mean k600 was converted to a reaeration coefficient for 
KN2, KN2O, or KAr and varied with Schmidt number scaling based on temperature data. 
Equation (7) was used to solve for N2 and N2O production with a time step equal to 
the frequency measurements (∆t = 2 hours). The mean of the 3-4 calculated values 
represent the spatially and temporally integrated 6-8 hour average production.  
Measurements of groundwater Ar were essential to the calculation of PT and 
separation of in-stream from groundwater contributions. Ar was used as a tracer for 
recharge temperature by back-calculating temperature from solubility curves (Colt 
1984; Bohlke and Denver 1995; Fisher et al. 2010) provided in Hamme and Emerson 
(2004) according to the equation (8). Temperature and Ar concentration are in units 
of Celsius and μmol Kg
-1 
respectively. Recharge N2 and N2O concentration were 
calculated using the reach averaged groundwater recharge temperature and the 
appropriate solubility equation (Weiss and Price 1980; Hamme and Emerson 2004). 
This represents the physical N2 and N2O gas present in groundwater. Measured N 
gases in excess of recharge concentrations in groundwater were assumed to be 
biogenic (Wilson et al. 1990). 
                   




This technique assumes Ar behaves conservatively and was at atmospheric 
equilibrium during recharge (i.e. precipitation and infiltration into the aquifer). Argon 
recharge temperatures in the Choptank basin are typically slightly lower than 
groundwater temperatures since most recharge of the shallow aquifer occurs during 
cooler months (Fisher et al. 2010). Average recharge temperature of emerging 
groundwater was 15 
o
C, which was similar to previous estimates (9-14 
o
C) in upland 
shallow aquifers across the Delmarva Peninsula (Dunkle et al. 1993). 
N2O Emissions  
N2O emissions from streams were calculated using the air-water, two layer 
diffusive gas exchange model (Liss and Slater, 1974);  
                         (Eq. 9) 
where k is the gas exchange velocity (m hr
-1
); Cm is the measured concentration 
(mmol m
-3
); and Ceq is the equilibrium concentration. 
Uncertainty Analysis 
 The uncertainty in k using the Ar and three 
222
Rn methods as well as PT, Pst, 
and Pgw of N2 and N2O for each of the 13 studies was evaluated using a Monte Carlo 
approach similar to McCutchan et al. (2003). For k, terms in equations (3) and (5) 
were randomly sampled 1000 times from normal distributions described by measured 
means and empirical or literature derived standard deviations. An identical approach 
was applied to equation (7) to estimate uncertainty in production. Error in measured 
N2 and Ar was assumed to be due to limits of precision and error in equilibrium 




the greatest deviation in concentration compared to uncertainty in pressure or 
solubility curves (Baulch et al. 2011). Error in groundwater inputs was assumed to be 
10% of the measured value (McCutchan et al. 2003), and since we had few depth 
measurements, depth and surface area error were set at 2.5% which is in between 
values reported in McCutchan et al. (2003) and Smith et al. (2008). Uncertainty in 
groundwater concentrations of N2, Ar, N2O, and 
222
Rn was assumed to be due to 
spatial variation along the reach; therefore, the standard deviation of the 3-5 
piezometer was used (Table 2). Output from the Monte Carlo simulations was used to 
estimate the standard deviation and 95% confidence interval for each method of 
calculating k and as well as N2 and N2O production. 
 
Table 2. Estimates of error for variables used in uncertainty analysis of gas exchange velocity 
and N2 and N2O production.  
 
Variable SD 
Z (m) 2.5% of value 
SA (m
2
) 2.5% of value 
Vgw (m min
-1
) 10% of value 
k600 (m hr
-1











) 1769 (26% of value)* 
Arsw (μmol L
-1
) 0.016 (0.1% of value)* 
Argw (μmol L
-1
) 0.91 (5.8% of value)* 
N2sw (μmol L
-1
) 0.8 (0.12% of value)* 
N2gw (μmol L
-1
) 35.8 (4.9% of value)* 
recharge N2gw (μmol L
-1
) 31.7 (5.3% of value)* 
N2Osw (μmol L
-1
) 0.008 (4.7% of value)* 
N2Ogw (μmol L
-1
) 0.23 (124% of value)* 
recharge N2Ogw (μmol L
-1
) 0.001 (9.2% of value)* 
*Varied depending on measurements from each 








Groundwater inputs over the study reaches (109-364 m) accounted for 2.3 to 
23% of the surface water discharge within the study reach at the BC and MH 
watersheds. In SF, only 0.28% of the discharge was from groundwater over the reach 
length. Groundwater piston velocity was similar in magnitude across all sites and 
dates (0.13 to 0.72 m day
-1
), except for SF (0.04 m day
-1
), with lows occurring the 
summer and fall of 2012 following a drought. The lower piston velocity in the SF 
reach was consistent with the low hydraulic head measurements (-0.9 to 4.7 cm, 
mean=1.1) compared to 0-36 cm (mean=15) at BC, and 1.8-20 cm (mean=11) at MH. 







) was comparable to the estimated average groundwater flux in the 







), indicating study reaches were representative. In addition, 
background groundwater (0.016-0.25 mg L-1) and surface water (0.016-0.19 mg L-1) 
Br- concentrations were comparable on each day, and correlated (r
2
 = 0.97, P < 
0.001), suggesting the sampled groundwater was representative of the average 
conditions contributing to surface water flow. 
Most dissolved gases in groundwater were far from equilibrium 
concentrations and spatially variable. The average groundwater recharge temperature 
from all dates and sites was 15.02 
o
C (range of 8.52 to 22.09 
o
C). This agrees with 
previously sampled groundwater temperature variation measured with in-stream 
piezometers in the BC watershed. One measurement of 30 
o




gas stripping by ebullition because recharge temperatures greater than 20
 o
C are 
uncommon (Fisher et al. 2010). Therefore, N2, Ar, and O2 data from this piezometer 
were excluded from calculations and statistics. The average N2-N concentration 
across all dates and sites was 1477 μM (range 1134-1766 μM), and excess N2-N was 
292 μM (range 33-591 μM). Most excess N2-N concentrations were well above 100 
μM, with the lowest occurring at the MH site. O2 concentrations in groundwater were 
low (3.0-212 μM or 0.03-60.9% saturation) with a mean of 39.3 μM (11% saturation). 
N2O-N was highly variable. Concentrations ranged from 0.001 to 2.1 μM (mean= 
0.39, median = 0.07 μM), and 46% of measurements were marginally undersaturated. 




Rn were observed in repeatedly 
sampled piezometers in the BC reaches. Excess N2 followed a seasonal curve with 
peaks in February to March and lows in the summer. NO3
-
 was more variable but 
generally the inverse of the excess N2 pattern for a given piezometer with peaks 
occurring in the summer and lows in late winter (Figure 5). These data were variable 
as expected of groundwater chemistry. However, individual piezometers were 
relatively consistent in their range of excess N2 and NO3
-
 concentrations, being low or 
relatively high across all sampling dates, indicating consistent flow paths or sources 
during sampling. Groundwater NO3
-
 and N2O were significantly correlated (r
2
=0.58, 
P<0.0001, Figure 6a). 
222
Rn activity in all piezometers followed the same pattern 
across dates, which was not a seasonal curve, but appears to be related to groundwater 
flux. In the BC watershed, the reach averaged groundwater 
222
Rn activity was 
positively related to the groundwater flux over the reach (r
2
=0.70, P=0.0014, Figure 






Rn activity was weakly but positively correlated with 
hydraulic head (r
2
=0.32 P=0.01, Figure 8). 
 
Figure 5. Temporal patterns of NO3
-
 and xsN2-N from individual piezometers (1-3) in the 
BC1 reach. All piezometers followed the same seasonal xsN2-N pattern, peaking in early 




Surface Water  
Studies were conducted during baseflow but over a wide range of hydro-
climatic conditions in the BC1 reach encompassing a summer drought (2012) and an 
anomalous wet summer (2013) with streamflow varying between 4.5 and 121.6 L s
-1
. 
Only three studies were conducted in each of the BC2 and BC3 reaches with a lesser 






BC2 and 12.3 to 15.7 L s
-1





concentrations the BC1, BC3, and SF reaches were high 
(109-370 μM), lower in BC2 (21-46 μM), and very low in MH (0.59 μM) (Table 3). 
DOC was relatively high at all BC sites (BC1= 680, BC2=2044, BC3=531 μmol C L
-
1






Figure 7. Linear regression between the groundwater flux per reach and the mean 
groundwater 
222
Rn activity sampled from 3-5 piezometers from all BC reaches. One data 
point from MH and SF reaches are also displayed but not included in the regression. When 
adding these two points the r
2
 and P value decreased to 0.37 and 0.028 respectively. 
Figure 6. Linear regressions between NO3
-
 and N2O-N concentrations for groundwater 





Figure 8. Relationship between hydraulic head and groundwater 
222
Rn activity for all 
individual piezometers in the BC watershed. 
 
 
Table 3. Discharge, average stream temperature, average nitrate concentration, and average 
percent saturation of nitrogen gas, nitrous oxide, and oxygen during each study. 
Date Site Q Stream 
Temp 
NO3 N2 N2O O2 DOC 
  (L s
-1
) ( C ) (μM) (% sat) (% sat) (% sat) (mg L
-1
) 
9/25/12 BC 4.49 15.6 371 104 2463 81.0 - 
11/20/12 BC 46.0 11.2 199 106 2045 85.5 - 
2/18/12 BC 68.3 4.44 173 105 978 98.8 - 
4/15/13 BC 167 14.1 110 104 1124 80.5 - 
7/17/13 BC 82.5 24.0 171 103 2585 73.7 8.87 
2/25/12 BC2 49.8 6.45 46 105 344 100 - 
5/14/13 BC2 61.8 17.4 21 104 1077 88.2 - 
7/9/13 BC2 42.0 24.6 41 102 1982 51.4 16.7 
3/4/12 BC3 24.5 7.13 247 107 3111 93.6 - 
5/6/13 BC3 19.2 13.7 230 104 5004 82.3 - 
6/25/13 BC3 28.4 23.0 209 106 6681 63.9 8.17 
12/13/12 SF 81.3 7.74 317 103 616 83.4  





As expected, stream temperature was the dominant control of N2 and Ar but 
not the other dissolved gas concentrations in streams. Figure 9 shows temperature and 
various dissolved gases (O2, N2, N2O, 
222
Rn) for a typical study in the BC watershed. 
Mean temperature across all 6 hour study periods ranged from 4.4 to 24.6 
o
C with 
temperature fluctuations over the study period of 0.68 to 9.0 
o
C. Dissolved N2 
concentrations tracked theoretical equilibrium but were always supersaturated (Figure 
9), except in the forested MH reach where N2 varied around equilibrium (Figure 10). 
Ar also tracked equilibrium during all studies at all sites; however, Ar was often 
undersaturated in the morning and became supersaturated as stream temperature 
increased (Figure 4). In contrast, dissolved N2O and O2 did not track equilibrium 
(Figure 9). N2O was always highly supersaturated (344-6681%) with little variability 
over 6 hours, except at the MH site (Figure 10) which was under-saturated (average 
of 89%). Stream O2 saturation increased during all studies peaking in the afternoon, 
indicating in-situ photosynthetic production (Figure 9). The MH site was again the 
exception, and O2 decreased suggesting little or no photosynthetic production. Within 
the BC watershed, there was a significant positive linear relationship between NO3
- 
and N2O concentration (μmol N L
-1
) in stream water (r
2
= 0.64, P=0.003, Figure 6b.). 
Stream water NO3
- 
concentration was also linearly correlated with the average 
groundwater NO3
- 
concentration from the 3-5 piezometers within each reach (r
2 
=0.70, P=0.001, Figure 11), indicating groundwater is the dominant NO3
- 
source in 




Gas Transfer Velocity 
Gas exchange velocities (k600) calculated from 
222
Rn (kRn) and Ar (kAr) were 
generally in agreement as were the three calculation methods used with 
222
Rn data 
(Table 4). kAr was often lower than kRn but not consistently. The three kRn methods 
estimated k600 values that were within 0.04-23% of each other depending on the day 
(Table 4). There was no consistent directional bias amongst kRn methods. Using a 
paired t-test to compare all methods against each other across dates, there was not a 
statistical difference between any groups except for kRn method 1 being marginally 
higher than kRn method 3 (P=0.049). Although, when regressing kRn versus kAr, the 
slope (0.86) was significantly lower than 1. Output from the Monte Carlo simulations 
is displayed in Table 5. The means of the resulting distribution of Methods 2 and 3 
agreed well with k600 values estimated from raw data. The standard deviations 
averaged 31% of the k600 value across all studies for method 2 and 3, and 95% 
confidence intervals were relatively small. Argon derived k values were generally 






Figure 9. Summary of stream water data from a typical study in the BC watershed (BC1 
9/25/2012) including temperature, dissolved oxygen, N2-N measured and equilibrium 
concentrations, N2O-N measured and equilibrium concentrations, 
222
Rn activity, and k600 
calculated from 
222





Figure 10. Equilibrium and measured concentrations of N2-N and N2O-N during one study at 
the Marshy Hope stream. N2 varied around equilibrium. N2O-N was undersaturated, but 
approaching equilibrium in the late afternoon. 
 
 
Figure 11. Linear regression between stream NO3
-
 and reach averaged groundwater NO3
-
 





Table 4. Average daily k600 (m day
-1
) estimated from Ar data and the three 
222
Rn calculation 
























2 to 3 
9/25/12 1.29 1.47 1.42 1.32 3.5 9.8 6.5 
11/20/12 0.08 2.50 2.28 2.50 8.5 0.0 -9.4 
2/18/12 1.95 2.27 2.12 2.43 6.5 -6.9 -14.3 
4/15/13 2.92 4.56 4.44 3.54 2.7 22.4 20.3 
7/17/13 10.7 10.9 9.49 10.1 13.1 7.5 -6.5 
2/25/12 1.34 1.32 1.30 1.27 1.5 3.9 2.4 
5/14/13 3.35 3.35 3.36 3.01 -0.3 10.2 10.5 
7/9/13 12.9 11.4 10.71 10.8 6.3 5.6 -0.7 
3/4/12 1.33 2.09 2.22 2.25 -6.0 -7.5 -1.4 
5/6/13 1.07 1.31 1.29 1.33 1.7 -1.2 -2.9 
6/25/13 1.97 3.11 2.83 2.60 9.1 16.5 8.1 
12/13/12 0.67 1.09 0.88 0.95 19.3 12.4 -8.5 
11/15/12 2.17 0.89 1.44 1.10 -61.3 -22.9 23.8 
 
Table 5. Output from uncertainty analysis of gas exchange velocity including mean k, 

























9/25/12 1.07 (0.14) 0.01 2.53 (0.82) 0.05 1.44 (0.55) 0.03 1.34 (0.50) 0.03 
11/20/12 0.05 (0.75) 0.05 3.78 (0.87) 0.05 2.27 (0.49) 0.03 2.49 (0.37) 0.02 
2/18/12 2.05 (1.13) 0.07 4.61 (1.29) 0.08 2.22 (0.57) 0.04 2.44 (0.41) 0.03 
4/15/13 1.83 (1.42) 0.09 5.96 (1.13) 0.07 4.38 (0.84) 0.05 3.55 (0.75) 0.05 
7/17/13 10.9 (6.87) 0.43 12.7 (2.01) 0.12 9.54 (1.64) 0.10 10.2 (1.46) 0.09 
2/25/12 1.32 (0.27) 0.02 3.38 (1.40) 0.09 1.33 (0.97) 0.06 1.31 (0.92) 0.06 
5/14/13 2.58 (0.65) 0.04 4.82 (1.52) 0.09 3.41 (1.29) 0.08 3.04 (1.24) 0.08 
7/9/13 27.1 (105) 6.56 12.6 (10.9) 0.68 10.6 (4.98) 0.31 10.6 (5.0) 0.31 
3/4/12 0.60 (0.44) 0.03 3.51 (0.89) 0.06 2.20 (0.52) 0.03 2.25 (0.39) 0.02 
5/6/13 8.15 (244) 15.2 2.16 (0.67) 0.04 1.32 (0.52) 0.03 1.35 (0.49) 0.03 
6/25/13 1.91 (0.36) 0.02 3.58 (0.66) 0.04 2.84 (0.58) 0.04 2.6 (0.51) 0.03 
12/13/12 0.65 (0.62) 0.04 1.25 (0.49) 0.03 0.90 (0.47) 0.03 0.97 (0.46) 0.03 





N2 and N2O Production  
PT (total production) of N2 ranged from -0.59 to 13.96, Pst (in-stream) from -




. Pgw of N2 
accounted for 38-100% of the total N2 production. In five of the thirteen studies, 
negative Pst of N2 was calculated suggesting N fixation. Due to high dissolved 
inorganic nitrogen (DIN), fixation is unlikely at these sites, and we provide 
alternative explanations in the discussion. However, all data is presented as calculated 
(Table 6). The one negative PT rate is from a reach in the forested watershed 
confirming the open channel method is not suited to streams with low N 
concentrations and presumably denitrification rates. In BC reaches, PT and Pst of N2 
were positively related to mean daily stream temperature (r
2
=0.42, P=0.03 and r
2
= 
0.49, P=0.015 respectively, Figure 12) as well as the mean stream stage during the 
week prior to the study (r
2
=0.81, P=0.0001 and r
2
= 0.60, P=0.005 respectively, Figure 
12), which will be referred to as the antecedent stream depth (ASD). Correlations 
with discharge were also found, but stream stage correlations were stronger, likely a 
result of direct monitoring of stage as opposed to discharge that depends on rating 
curves. No significant correlations were found between PT or Pst and other 
physiochemical data such as NO3
-
 concentration or streamflow during the study. Pgw 
of N2 was also positively related to ASD (r
2








Table 6. Total, in-stream, and groundwater N2 and N2O production rates as well as N2O 


























9/25/12 BC 1.81 0.41 1.40 25.7 21.0 4.69 22.9 
11/20/12 BC 6.43 2.45 3.98 44.0 41.8 2.17 34.7 
2/18/12 BC 3.05 -1.24* 4.29** 16.8 14.3 2.55 13.8 
4/15/13 BC 7.81 1.93 5.88 37.8 33.5 4.34 34.0 
7/17/13 BC 14.0 7.05 6.91 231 220 10.8 211 
2/25/12 BC2 1.07 -1.58* 2.65** 2.79 2.78 0.01 2.23 
5/14/13 BC2 2.20 -1.51* 3.71** 25.5 24.6 0.90 24.3 
7/9/13 BC2 8.15 4.77 3.38 173 171 1.94 169 
3/4/12 BC3 5.53 0.76 4.77 26.3 17.5 8.80 21.2 
5/6/13 BC3 3.02 -2.17* 5.20** 30.5 22.9 7.57 22.9 
6/25/13 BC3 7.14 1.40 5.74 105 93.5 11.5 78.2 
12/13/12 SF 1.09 0.71 0.38 5.69 5.68 0.01 3.93 
11/15/12 MH -0.59 -1.07* 0.48** -0.015 -0.001 -0.014 -0.14 
*negative N2 Pst rates should be interpreted as unmeasurable with this method or zero 
**If N2 Pst is negative, N2gw should be interpreted as equal to PT rather than greater 
than PT due to apparent in-stream N fixation 
 
 N2O fluxes were highly variable over time. PT, Pst, and emissions of N2O to 
the atmosphere were similar in magnitude on each day for all sites, indicating most of 
the N2O was produced in-stream and was rapidly lost to the atmosphere. The MH 
forested site was the only stream undersaturated with respect to N2O, making it a 




).  PT of N2O in the BC and SF sites ranged 




and averaged 55.7 across all dates and sites. Most 
(66.5-99.6%) of the total N2O accumulation was a result of in-stream production 




) with the remaining portion from groundwater (0.008 to 




). Using data only from the three BC reaches, N2O emissions 
were exponentially related to mean daily stream temperature (r
2
= 0.85, P<0.0001, 
Figure 12) and linearly related to ASD (r
2








Rn and Gas Exchange Velocity 
222
Rn is a valuable tracer in hydrology and a promising method for estimating 
k in gaining streams. There are variety of applications for 
222
Rn including 
groundwater discharge into coastal waters (Cable et al. 1996; Burnett and Dulaiova 
2003; Dulaiova et al. 2010), lakes (Dimova and Burnett 2011), and rivers (Ellins et al. 
1990; Genereux et al. 1993; Lee and Hollyday 1993; Cook et al. 2003; Knee and 
Figure 12. Relationships between antecedent stream depth (ASD), or the mean depth a 
week prior to each study,  and temperature with N2O emissions, total N2 production (PT),                      




Jordan 2013). Specific applications include hyporheic residence time (Lamontage and 
Cook 2007), groundwater recharge dynamics (Savoy et al. 2011), and baseflow 
separation (Kies et al. 2005). 
222
Rn has been sparsely used to calculate k in streams 
and radium (Ra) cannot be used since it is not soluble in freshwater, but there is a 
long history of 
222
Rn/Ra isotope based k measurements in the open ocean (Peng et al. 
1979; Smethie et al. 1985). Wanninkhof (1990) did use a combined 
222
Rn and SF6 
method to simultaneously estimate groundwater discharge and k in a first order 
stream. The 
222
Rn method first outlined in Knee et al. (in prep) and applied in this 
study is a relatively simple method in all aspects; field, lab, and calculations. 
However, this has only been tested in gaining head water streams which are likely the 
most appropriate systems. 
The fact that several calculation methods yielded approximately the same 
mean daily k600 supports the validity of our k calculations and may make our 
methods applicable to a wider range of situations in the field. For example, method 3 
(reach mass balance) does not rely on repeated measurements of stream 
222
Rn and 
may be applied by taking grab samples instead of continuous monitoring. Gas 
exchange velocity estimated from this method did not vary greatly over time (Figure 
9). Therefore, it may be feasible to rapidly estimate k for many streams with one 
stream sample, several groundwater samples, and knowledge of ground and surface 
water discharge. Method 1 (unsmoothed 
222
Rn) is useful for its simplicity, but can 
only be used to estimate an average k600 with at least several hours of continuous 
surface water measurements. 
222
Rn activity in streams is inherently noisy, which 




calculation, but approximately the same average daily k600 as the other methods. 
Method 2 (smoothed 
222
Rn) is useful because it eliminates noise and negative k values 
and may provide insight into the temporal variation in k. Stream 
222
Rn activity 
generally decreased over the day (Figure 2). Decreasing 
222
Rn activity could be due to 
variation in groundwater inputs or gas exchange velocity. If the rate of groundwater 
discharge and groundwater 
222
Rn activity are truly constant over the 6-8 hour study 
period as this method assumes, then the variation in stream 
222
Rn implies variability 
in k.  
Evaluating whether variability in stream 
222
Rn activity is a result of physical 
mechanisms of gas exchange, such as stream turbulence, velocity, temperature and 
wind speed, is beyond the scope of the study. But if such variability does exist, it 
would have implications for open channel studies. Typically, k is scaled by 
temperature using Schmidt number scaling (Wanninkhof 1992) or a temperature 
correction as in Thomann and Mueller (1987). Schmidt number scaling predicted an 
increase in k during the day as the streams warmed up, and this agreed with the 
general decrease in 
222
Rn activity. However, during several studies 
222
Rn increased (k 
decreased) or oscillated indicating there could be short-term variability in k and that it 
may not always scale with temperature (Figure 2).  
222
Rn was a more reliable method of estimating k compared to Ar at our study 
sites. Although k estimated from the two tracers was not significantly different across 
all dates, kAr was generally lower, had large uncertainties, and on one occasion 
calculated a value orders of magnitude below than the lowest kRn measurement. The 




groundwater Ar concentration (SD= 5.8% of value on average) was much lower than 
222
Rn (SD=26% of value on average, Table 2); yet, the uncertainty in kAr (95% CI = 
+/- 1.73) was greater than kRn on average (95% CI = +/- 0.06-0.11, Table 5). Error in 
equilibrium Ar concentration due to temperature measurement error was not even 
considered in the uncertainty analysis. When this additional error term is accounted 
for, error in kAr is greatly inflated.  
Estimating kAr involves measuring extremely small deviations in Ar from 
theoretical equilibrium, and therefore requires high analytical precision and accuracy 
in Ar measurements, temperature, pressure as well as relatively homogenous 
groundwater Ar concentrations if the study reach is highly gaining. Uncertainty in 
kAr was generally higher during days when Ar concentrations showed little deviation 
from equilibrium. This method is most applicable when Ar is highly supersaturated 
due to large diel temperature swings and/or groundwater flux is low. The 
222
Rn 
method requires less analytical precision given the large difference between stream 
and groundwater 
222
Rn activities, and the theoretical equilibrium is always zero 
eliminating temperature and pressure measurement error. Uncertainty is driven by 
analytical error and the spatial variability in groundwater 
222
Rn concentrations, which 
can be assessed through sampling. 
Argon Modeling  
Generally, modeled Ar agreed with measured Ar concentrations (within 0-
1.7%) providing confidence in the open channel model and measured terms. There 
was only one individual measurement beyond this range where modeled Ar was 2.4% 




acceptable level of error since open channel modeling of Ar has not been 
quantitatively assessed, but this amount of error is comparable with data from 
Laursen and Seitzinger (2002). Modeled Ar fell both above (15.4% of studies) and 
below (30.8%) measured Ar, but a majority of the cases were a good fit (53.8%) 
(Figure 4). Studies that were not a great fit indicate error in the most uncertain terms: 
groundwater discharge, mean groundwater Ar concentration, and k.  
Analytical precision in Ar is high (+/- 0.1%) using MIMS; however, we did 
introduce a slight bias by using one standard calibration at the mean stream 
temperature during each study. Therefore, there could be a trivial overestimation of 
Ar concentration for stream samples that were above the mean temperature and 
underestimation when below the mean temperature (Kana et al. 1994). Three point 
standard curves were developed for most of the MIMS runs, but not all, and data 
recalculated from standard curves showed there was a slight temperature bias that 
could help explain cases where modeled Ar fell below measured. Since we were not 
able to develop standard curves for all dates, we used the one-standard calibration to 
be consistent across all studies.  
N2 Production  
 The N2 production results demonstrate that the open channel method can be 
applied in streams with high groundwater N2 concentration and seepage rates. 
Furthermore, the delivery rate of biogenic N2 from groundwater, as well as in-stream 
N2 production, can be quantified simultaneously. In-stream denitrification rates were 













, after omitting negative rates which are explained below. Despite being 
highly impacted, denitrification in the BC reaches was similar to rivers known to have 
high rates such as the South Platte in Colorado (Sjodin et al. 1997; Pribly et al. 2005). 
However, our ability to detect Pst (in-stream production) of N2 was often 
inhibited by the groundwater inputs and large diel temperature swings, resulting in 
apparent N fixation. The high excess, or biogenic, N2 concentrations observed at the 
BC sites are typical of groundwater in agricultural areas within the Choptank Basin 
(Fisher et al. 2010; Fox et al. 2014). In addition to excess biogenic N2, groundwater 
introduces excess physical N2 into the stream due to the seasonal asymmetry of 
groundwater recharge under cool conditions (Fisher et al. 2010). Diel stream 
temperature variation can also add excess physical N2 gas due to the lag between 
theoretical equilibrium and actual re-equilibration of measured N2. This combination 
of high groundwater N2, high seepage rates, and diel temperature swings can at times 
overwhelm the ability of the open channel method to detect biogenic N2 accumulation 
from in-stream sources.  
Negative Pst of N2 was calculated during the winter and spring under these 
conditions in 4 of the 12 studies in agricultural streams. These could be interpreted as 
N fixation, but are more likely zero or below the detection limit of open channel 
methods. Other studies have reported Pst of N2 rates of 0 (Pribyl et al. 2005) or as low 




 (McCutchan and Lewis 2008) during winter months in 
Colorado, but in reaches with less groundwater input.  
Additional source of uncertainty that could affect in-stream and total N2 




Groundwater flux could be overestimated due to incomplete recovery of Br
-
 at the 
downstream site (Payn et al. 2009), which would generally increase Pst.  Methane 
ebullition can rapidly strip N2 and other dissolved gases (e.g. Ar, O2, and 
222
Rn) from 
pore water. The ebullitve flux of N2 was estimated to be 6-16% of the total diffusive 
N2 flux from one section of the South Platte River (Higgins et al. 2008). However, 
only one groundwater sample had evidence of ebullition during this study suggesting 
ebullition had little effect on estimated production rates. Excess air artificially 
increases dissolved gas concentrations in groundwater due to bubble dissolution 
under high hydrostatic pressure (Heaton and Vogel 1981). Noble gas sampling 
conducted prior to this study estimated that excess air was a small portion (~5%) of 
the excess N2 signal within the BC watershed (Fisher and Hamme, in prep).  
 Our data support the hypothesis that agricultural streams are hot spots for 
biogenic N gases. N2 and N2O accumulated in the stream network as a result of in-
stream and terrestrial biogeochemical processes occurring across the watershed, most 
likely the riparian zone. In the BC watershed, Pgw of N2 accounted for 41 to 100% 
(mean 81%) of the PT assuming Pgw = PT when Pst is negative. The importance of Pgw 
in the BC watershed may be especially great as a result of the extensive 
channelization that drains groundwater by design. In contrast, the SF reach had 
comparatively low rate of groundwater discharge, low excess N2, and the study reach 
was not channelized; however, Pgw still accounted for 38% of PT during one study in 
December 2012. Emergence of groundwater enriched with biogenic N2 may be an 
important unaccounted for loss term in watershed nitrogen budgets in headwater 




Controls of N2 Production 
Within the BC stream network, physical processes of temperature and stream 
stage fluctuations appear to be dominant controls of Pst and PT of N2. These streams 
have a constant supply of NO3
-
 and DOC based on measured concentrations; 
however, denitrification can still be limited depending on the specific groundwater 
interactions within a patch of streambed. For example, denitrification could be 
inhibited by advection of high O2 surface water through sediments or by the lack 
DOC and NO3
-
 delivery into low O2 sediments (Hill et al. 2000; Pucket et al. 2008; 
Predick and Stanley 2010). In other words, the groundwater-surface water 
interactions are important for setting up the conditions necessary for denitrification 
(i.e. low O2, high NO3
-
, and high DOC). The BC reaches have similar physiochemical 
characteristics and are spatially proximate; therefore, it is not surprising that they 
would respond comparably to physical conditions.  
Laboratory experiments have established that increasing the temperature can 
accelerate denitrification rates in soils and aquatic sediments under non limiting 
conditions (Standford et al. 1975; Hill 1983; Pfenning and McMahon 1996).  Using 
the open channel method, McCutchan and Lewis (2008) found a positive relationship 
between temperature and Pst of N2 in the South Platte River. The x-intercept of 10.3
o
 
C in the Pst of N2 vs. temperature regression could be interpreted as a threshold 
temperature inhibiting in-stream denitrification (Figure 12).  Saleh Lakha et al. (2009) 
showed that in pure bacterial cultures denitrification and denitrifying gene expression 
were slower at 10
o
C compared to higher temperatures. Optimal temperatures for 








winter and summer respectively by Canion et al. (2014). A more likely explanation is 
that the open channel method is unable to detect the presumably low Pst rates during 
the winter, or that this method is not suitable during high N2 loading from 
groundwater as previously discussed. PT was also significantly related to temperature; 
however, this was driven by the Pst component because Pgw and temperature were not 
significantly correlated (r
2
=0.19 p=0.18). As expected, stream temperature should 
have no effect on biogenic N2 delivered from groundwater. 
The mechanism for the relationship between antecedent stream depth (ASD) 
and N2 production is likely a function of groundwater-surface water interactions and 
the resulting biogeochemistry induced by stream stage fluctuations. O2 dynamics in 
the hyporheic zone can be complicated by the mixing of multiple groundwater flow 
paths with varying O2 signatures and high-O2 surface water (Malard and Hervant 
1999; O’connor et al 2012). During peak flow, hydraulic gradients can reverse (Gu et 
al. 2008), potentially injecting NO3
-
, DOC, and O2 rich surface water into stream 
sediments. During the recession limb, it has been observed that O2 in stream 
sediments rapidly decreases as low O2 groundwater becomes the dominant water 
source (Soulsby et al. 2009) in addition to increased heterotrophic metabolism 
stimulated by DOC. This combination of events creates ideal conditions for 
denitrification in stream sediments at some point along the recession limb of a storm 
hydrograph. A combined field and modeling study in the adjacent Virginia coastal 
plain, Gu et al. (2008) also concluded that storms could enhance NO3
-
 removal due to 




Increasing Pgw of N2 with antecedent stream depth (ASD) could simply be a 
function of higher groundwater discharge rates as a result of storm events occurring 
within the week prior to a given study, thus delivering more biogenic N2. Enhanced 
riparian denitrification could also contribute to the observed Pgw-ASD correlation. 
Several studies have shown that riparian denitrification can be stimulated during or 
immediately following storms (Ocampo et al. 2006, Gu et al. 2008; Gu et al. 2012; 
Roley et al. 2012). Ocampo et al. (2006) concluded control of NO3
-
 can shift from 
hydrologic to biogeochemical control during an event on a hill slope where transport 
time is long relative to reaction time facilitating denitrification (i.e. low gradient 
slopes such as those on the coastal plain). Gu et al. (2012) also found stream stage 
fluctuations induced denitrification hot moments in the riparian zone. The authors 
called this the “Bank Storage Hot Moment” and through a modeling exercise 
discovered these hot moments were a significant sink for stream NO3
-
 on an annual 
time scale. Riparian zones are well known to be hotspots for denitrification due to the 
typically high DOC and low O2 environment (Lowrance et al. 1997; Hill et al. 2000; 
Vidon et al. 2010), and shifting hydraulic gradients can increas subsurface flow 
residence time in riparian areas enhancing the opportunity for denitrification. 
Furthermore, Roley et al. (2012) observed increased floodplain denitrification in 
response to inundation events in a two-stage agricultural ditch not unlike the BC and 
BC3 reaches. It is possible that in addition to in-stream denitrification, riparian 
denitrification was also enhanced at our study sites during baseflow recession when 
increased residence time of riparian water (Gu et al. 2008) coincided with high 
concentrations of NO3
-




as a “baseflow recession hot moment” of biogenic N2 accumulation in streams from 
in-situ and groundwater processes. 
N2O Emissions 
 N2O production and emissions to the atmosphere from BC stream reaches 
were relatively high but comparable to the literature from both small and large 
riverine systems. Mean emission rates in streams and rivers impacted by 










Excluding the MH forested site, the mean N2O emission rate at agricultural sites was 




. Rates from the BC streams are higher 
than studies conducted downstream of wastewater treatment plants (Hemond and 
Duran 1989; McMahon and Dennehy 1999), but an order of magnitude lower than 





 (Hasegawa et al. 2000). Beaulieu et al. (2008) reviewed the literature and 








) are uncommon 
and often a result of a point source. Tile drains are present upstream of the BC3 reach. 
However, none were active during field sampling, and we are not aware of any direct 
waste water inputs. Yet, we measured N2O emissions higher than 35.7 on average. In 
contrast, the MH forest stream was consuming N2O. N2O undersaturation has been 
episodically observed in various streams and rivers (Hemond and Duran 1989; Stow 
et al. 2005; Beaulieu et al. 2008).  Baulch et al. (2011) reported one stream in 
Ontario, Canada that was a consistent net sink. Streams acting as an N2O sink are 
generally associated with low NO3
- 






concentration between source and occasional sink to be 2.7 M. 
Undersaturation has also been associated with low flows and low O2 concentration 
(Hemond and Duran, 1989; LaMontagne et al. 2003; Stow et al. 2005), which 
generally characterize the MH stream. If the N2O emissions rates from the BC and 
MH sites are representative of headwater streams with high and low anthropogenic N 
inputs across the Delmarva Peninsula, then much of the region’s streams have been 
transformed from a small sink or negligible term to a source of N2O as land use has 
converted from forest to agriculture (Benitez and Fisher 2004).  
Controls of N2O Emissions 
 Like N2 production, N2O emissions were significantly related to temperature 
and ASD (Fig. 12c and d). Temperature was exponentially related to N2O emissions 
in the BC reaches likely reflecting the effect temperature has on all terms in the flux 
equation (Eq. 9). Temperature increases N2O concentration by enhancing rates of 
denitrification and nitrification, increases gas exchange velocity, as well as the N2O 
concentration gradient by pushing down the temperature-dependent equilibrium 
concentration.  By definition of the flux calculation, we would expect temperature to 
have a non-linear effect on N2O emissions since multiplicative terms are increased. 
This may only be true in systems that are generally not limited by N or labile carbon 
so that N2O is consistently produced through nitrification and denitrification 
depending on the redox conditions (low O2= denitrification, high O2= nitrification). 
 The relationship between ASD and N2O emissions is weaker than ASD versus 
N2 production, but is likely a result of a similar mechanism as described earlier. From 




Wilcock et al. (2008) suggested stream hydraulics has a strong influence on N2O 
emissions by affecting multiple variables in the flux equation. Gas exchange velocity 
often increases with stream flow and residence time of gases (and solutes) within the 
reach decreases. Therefore, during low flow gas exchange is minimal allowing more 
time for complete reduction of N2O (and NO3
-
), but emissions are amplified during 
high flows. 
N2O production is complicated by the competing factors regulating 
denitrification and nitrification and by variable N2O yield from either process. 
Nitrification can be regulated by NH4
+
, organic carbon, pH, temperature, and O2 
(Triska et al. 1990; Strauss et al. 2002; Stenstrom and Poduska 1980; Paul and Clark 
1989), and its contribution to N2O emissions in streams is relatively unknown. Often 
global models assume nitrification produces twice as much N2O as denitrification 
(Mosier et al. 1998). This study was not designed to assess the role of nitrification 
and denitrification in N2O emissions, but nitrification also may have been stimulated 
with stream stage fluctuations due to mobilization of NH4
+
 during storms (Gardner 
and Fisher, in prep). 
Groundwater and N2O Emissions  
Dissolved N2O in groundwater was not an important source of N2O emissions 
from streams in the BC watershed. Groundwater accounted for 0.19-41 % (13% on 
average) of N2O emissions in the BC and SF reaches. This is likely an overestimate 
since we had to assume the N2O measured in emerging groundwater was not reduced 
to N2 prior to diffusing into the water column, and that all groundwater N2O 




components of N2O production attributed to the highly variable and under-sampled 
(3-5 piezometers per reach) groundwater N2O concentrations. Despite variable 
groundwater concentrations, 95% confidence intervals of production rates were 
relatively narrow (Table 7). To produce the observed N2O accumulation in surface 
water exclusively from a groundwater source, it would require a reach averaged 
groundwater N2O concentration 1.5 to 60 fold greater than what was measured 
depending on the day (average of 12 fold greater).  The average groundwater N2O 
concentration across all studies required for groundwater to be the sole source was 
1.82 μM, which was comparable with the highest recorded concentration in emerging 
groundwater of 2.1μM. The small contribution of dissolved N2O in groundwater to 
emissions from streams was also supported by the relationship between in-stream N2 
and N2O production compared to groundwater N2 and N2O production. Both were 
significantly correlated (Table 2). Linear regressions indicated that on average in-
stream N2O was 2.2% of N2 production; however, groundwater N2O was only 0.2% 
of N2 production (Figure 13).  In addition to greater N2O production via in-stream 
nitrification, this may suggest denitrification leaks out more N2O when it occurs in-









Table 7. Means and 95% confidence intervals (CI) from the Monte Carlo uncertainty analysis 











Date Total CI Stream Cl Ground CI Total CI Stream Cl Ground CI 
9/25/12 1.82 0.11 0.42 0.11 1.40 0.02 28.4 0.90 23.3 0.95 5.12 0.32 
11/20/12 6.56 0.14 2.58 0.14 3.98 0.07 44.9 0.81 42.7 0.85 2.19 0.25 
2/18/12 3.13 0.19 -1.22 0.19 4.35 0.09 16.9 0.51 14.5 0.55 2.36 0.25 
4/15/13 7.84 0.17 1.98 0.17 5.86 0.10 38.0 0.56 33.7 0.62 4.39 0.29 
7/17/13 13.9 0.34 6.92 0.28 6.96 0.26 228 2.45 217 2.53 11.1 0.80 
2/25/12 1.30 0.24 -1.37 0.24 2.66 0.03 2.96 0.16 2.95 0.16 0.01 0.01 
5/14/13 2.43 0.26 -1.30 0.26 3.73 0.08 26.18 0.74 25.3 0.74 0.94 0.05 
7/9/13 7.70 0.79 4.43 0.79 3.27 0.10 168 9.83 165 9.83 2.55 0.33 
3/4/12 5.53 0.17 0.81 0.18 4.72 0.07 26.4 0.58 17.4 1.06 8.96 0.87 
5/6/13 2.98 0.09 -2.23 0.09 5.21 0.05 30.6 0.75 22.9 1.14 7.66 0.84 
6/25/13 7.12 0.14 1.33 0.16 5.79 0.08 89.4 1.22 78.7 1.67 10.7 1.13 
12/13/12 1.09 0.05 0.71 0.05 0.38 0.03 4.78 0.13 4.77 0.13 0.01 0.00 
11/15/12 -0.62 0.03 -1.08 0.05 0.46 0.06 -0.05 0.01 0.06 0.01 -0.12 0.00 
*negative stream N2 rates should be interpreted as unmeasurable with this method or zero 
**If in-stream production is negative, delivery from groundwater should be interpreted as equal to total production. 
 
 It is possible we did not representatively sample emerging groundwater and 
missed N2O hotpots. Measured concentrations and variances did fall within the range 
of previous studies in groundwater below or near agricultural streams (Werner at al. 
2010; Fox et al. 2014), but mean concentrations were on the lower end compared to 
uplands as has been noted in other studies where groundwater N2O concentrations 








Figure 13. Linear regressions of N2O versus N2 production in-stream Pst (top) and 
groundwater Pgw (bottom). The slopes indicate the average ratio of N2O:N2 produced which is 
an order of magnitude higher in streams compared to groundwater. 
 
The variability in groundwater chemistry was indicative of combined 
flowpaths and biogeochemical processing, and may suggest NO3
-
 and N2O sources. 
Groundwater samples high in NO3
-
 and N2O likely represented deeper flow paths that 
bypassed the riparian zone, maintained oxic conditions, encountered less opportunity 
for denitrification, thus the NO3
-




N2O source has been attributed to soil nitrification following flushing of N2O into the 
aquifer. This process has been suggested by various studies (Ueda 1993; Hiscock 
2003; Werner 2010; Vilain 2012) and is often supported by the linear relationship 
between groundwater NO3
-
 and N2O concentrations as was observed in this study 
(Figure 6a). Lower O2 samples with high excess N2 and low NO3
-
 likely passed 
through reducing conditions associated with riparian areas or saturated depressions 
within the watershed. O2 concentrations were highly variable, but there was a 
significant difference (P<0.05) in mean O2 when separating the data into low and high 
NO3
-
 groups as defined by the 50 μM threshold for denitrification (Seitzinger 1988; 
Golterman  et al. 2004). Interestingly, mean O2 from the high and low NO3
-
 groups 
were 61 and 27 μM respectively, a range that straddles the O2 threshold for 
denitrification of 31 μM (Pina-Ochoa and Alvarez-Cobelas, 2006). Most of the 
samples did not fit cleanly into the reducing versus less reducing flowpath paradigm 
since emerging groundwater often reflects a combination of flowpaths (Figure 14). As 
a result, there were no significant correlations among all data between O2, xsN2-N, 
and NO3
-
. Excess N2-N sampled from in-stream piezometers was almost uniformly 
high (mean=305 μM; SD=118) in the BC watershed suggesting denitrification was 
occurring to some degree in nearly all groundwater flowpaths. 
N2O Emission Factors  
Indirect emission factors from streams and groundwater (i.e.EF5-g) are used 
to estimate global emissions of N2O as a result of leached N, largely in the form of 
NO3
-
. There has been some controversy in the EF5-g value which has been reduced 




that is emitted to the atmosphere as N2O. Indirect emission factors from rivers (EF5-
r), estuaries (EF5-e), and streams and groundwater (EF5-g) currently have the same 
value (0.25%), and it is assumed that N2O in streams is derived from groundwater. 






We compared this simple ratio to an alternative method for streams and groundwater. 
In streams, Beaulieu et al. (2008) estimated emission factors using the N2O-N 
concentration in excess of atmospheric equilibrium (xsN2O-N) divided by NO3
-
. For 
groundwater, Well et al. (2005) included excess N gases in the denominator to 
represent the reactivity of NO3
-
 along groundwater flow paths as follows. 
     
       
                    
       (Eq. 10) 
Alternative methods for estimating emission factors (EF5-g) from streams 
(Beaulieu et al. 2008) and groundwater (Well et al. 2005) may provide more realistic 
Figure 14.  NO3
-
, xsN2-N, and O2 concentrations in groundwater sampled from in-stream 





values compared to a simple N2O-N:NO3
-
 ratio. For streams, the simple ratio and 
equilibrium corrected ratio (Beaulieu et al. 2008) estimated average emission factors 
similar to the current EF5-g (0.25%), which were 0.32% and 0.29% respectively. The 
Beaulieu et al. (2008) method only slightly decreased the EF5-g in streams that have 
high N concentrations, but this correction becomes very important in low NO3
-
 
streams. For example, in the MH stream the EF5-g according to the simple ratio was 
3.86%, but after adjusting it for atmospheric equilibrium it was -0.46%, which better 
represented the fact that MH was a N2O sink. Estimates of EF5-g from streams have 
varied widely in time and space (Beaulieu et al. 2008) as they have in this study (-
0.45 to 0.95%, using the equilibrium corrected method), but there seems to be 
growing support for the current value of 0.25%. 
 In groundwater the simple ratio estimated unreasonably high EF5-g values 
(mean = 13.6%, range = 0.002-390%).  This method does not incorporate reactions 
along flow paths. A more logical approach of Well et al. (2005) better reflects the 
definition of an emission factor by taking into account total N inputs in the 
denominator assuming that excess N2-N and N2O-N are a result of reduced NO3
-
 
inputs. However, it still must be assumed that this N2O eventually evades into the 
atmosphere. Using this approach, our results suggested a lower EF5-g for 
groundwater (mean = 0.057%, range = -0.059 to 0.59%) compared to streams and 
with a more constrained range relative to the IPCC method. Emission factors in 
groundwater are often variable, and this range is comparable to that (0.043-0.44%) 
reported by Weyman et al. (2008) using the same method. It is not surprising that the 




water has nearly completed its groundwater residence time thus was more likely to 
undergo reduction. Vilain et al. (2012) found higher emission factors, which agreed 
with the 0.25% value, for upland areas compared to low lands. 
Weyman et al. (2009) demonstrated that groundwater N2O contributes 
negligibly to the flux of N2O to the atmosphere from surface soils, and we found that 
groundwater N2O makes up a small portion of N2O emissions (13% on average) from 
highly gaining agricultural streams. N2O was largely produced in-stream yet the 
IPCC’s estimate of global N2O emissions is predicated on the assumption that 
groundwater is the dominant N2O source in small streams and that in-stream 
production is the dominant N2O source for large rivers. The probability that N2O in 
groundwater will reach the atmosphere may be low, given that it is often found in 
deeper flow paths, has a long tortuous pathway to the surface, is reactive in anoxic 
environments and may be largely reduced prior to emerging in surface water. These 
results and concepts suggest that 1) small streams and large rivers could be grouped 
together, instead of streams and groundwater, under the current EF5-r of 0.25%, and 
2) EF5-g could represent just groundwater with a lower value than 0.25%, but this 
would require wider assessment to justify another decrease in the groundwater 
emissions factor. 
Conclusions 
 This study demonstrated the one-station open channel method can be 
reduced to 6 hours and used to simultaneously quantify biogenic N2 and 
N2O production from in-stream and groundwater sources. Biogenic N2 




agricultural headwater streams and could be an important term loss term 
of watershed N budgets in coastal plain headwater areas. In-stream 
denitrification rates during summer months were comparable to some of 
the highest previously reported rates (Laursen and Seitzinger 2004). 
However, in-stream denitrification was undetectable with this method 
during late winter months largely due to increased N2 loading from 
groundwater. 
 Antecedent stream depth and temperature were significant controls of N2 
and N2O production in the BC stream reaches. Antecedent stream depth is 
a control over small time scales that reflects hot moments occurring in 
stream sediments and riparian zones during baseflow recession induced by 
high flow events (Gu et al. 2012). Warmer temperatures accelerate 
microbial processes controlling rates over a seasonal time scale. 
 N2O was largely produced in-stream while groundwater influx was not an 
important source. N2O emissions were relatively high in the agricultural 
streams, but with strong seasonality. One study conducted in a low 
nutrient stream draining a forested watershed suggested this reach was a 
N2O sink.  
 Our data supported the emission factor of 0.25% for streams (EFg-5); 
however, it suggests streams and rivers could be grouped together and 
groundwater could have its own emission factor (EFg-5) that is lower than 




Beaulieu et al. 2008 and Well et al. 2005), may provide more realistic 
values compared to a N2O-N to NO3
-
 ratio. 
 222Rn may provide a relatively simple and reliable method of empirically 
estimating gas exchange velocity in gaining streams. 
 This study leads to many questions regarding N2 and N2O production in 
stream networks as well as gas exchange velocity.  Is biogenic N2 from 
emerging groundwater an important loss term in N budgets from 
watersheds of various sizes and properties? How do in-stream, 
groundwater, and total N2 production scale across the stream network and 
are they related to watershed and/or channel properties? How can the open 
channel, or other reach scale methods, be improved to facilitate such 
studies? What is the role of emerging groundwater to the emissions of 
N2O, or other biogenic greenhouse gases (CH4 and CO2), from streams 
and rivers? Is the short-term temporal variability in stream 
222
Rn activity 
driven by mechanisms of gas exchange or other factors? 
 More reach scale studies are needed to identify controls of N2 and N2O 
production and emissions and to enable scaling over larger areas. 
Advancements in open channel methods as well as techniques for 
measuring and scaling gas exchange velocity in lotic systems could greatly 
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Chapter 2: Storm and baseflow nutrient export from agricultural 
and forested watersheds on the coastal plain of Maryland, USA 
 
Abstract 
Storm and baseflow nutrient dynamics and hydrology were investigated over 
the 2013 water year and compared with previously collected data in three Maryland 
(USA) coastal plain watersheds (1.4-8.4 km
2
) with a range of agricultural and 
forested land use. The forested watershed had very low inorganic nitrogen and 
phosphorus concentrations; NO3
-
 (1 μM; 3.3% of total nitrogen), NH4
+
 (2.4 μM; 7.2% 
of total nitrogen), and PO4
3-
 (0.1 μM; 26% of total phosphorus) on average during 
baseflow with minor increases in NO3
-
, total nitrogen, and total phosphorus during 
storms. In contrast, the agriculturally impacted watersheds were characterized by high 
NO3
-
 concentrations in base (198-325 μM; 77 to 91% of total nitrogen) and stormflow 
(101-216 μM; 54 to 67% of total nitrogen) with notable variation in nutrient 




, and total phosphorus 
was overwhelmingly a result of quickflow (61 to 77% of annual export) in these 












Anthropogenic nitrogen (N) and phosphorus (P) inputs have negatively 
impacted aquatic ecosystems around the world (Carpenter et al. 1998; Diaz and 
Rosenburg 2008). The Chesapeake Bay has suffered from hypoxic bottom waters, 
declining fisheries, and loss of habitat as a result of elevated N and P inputs 
increasing phytoplankton production, a process described as eutrophication (Nixon et 
al. 1995; Kemp et al. 2005). 
Eutrophication also occurs in Chesapeake Bay tributaries. The Choptank 
River drains to the Chesapeake from the Delmarva Peninsula and has a long term 
trend of increasing N and P concentrations at an upstream, non-tidal USGS 
(01491000) gauging station in Greensboro, MD (Fisher et al. 2006; Fisher et al. 
2010). Consequently, the dissolved oxygen in the bottom waters of the downstream 
Choptank estuary are approaching the hypoxic threshold similar to conditions 
observed in the Chesapeake Bay for decades (Hagy et al. 2004; Fisher et al. 2006). 
The Choptank is on an unsustainable trajectory, and it is critical to understand the 
quantities and mechanisms of nutrient export in the Chesapeake Bay region, 
specifically within the agriculturally dominated coastal plain. 
Land use and stream discharge are important drivers of nutrient concentrations 
and export from watersheds (Jordan et al. 1997; Sobota et al. 2009). Agriculture and 
urban development are generally associated with higher N and P concentrations 
compared with forests and undisturbed areas (Novotny and Olem 1994; Sharpley et 
al. 1994; Allan 2004; Fisher et al. 2010). Stream discharge has varying effects on N 




hydrologic transport mechanisms and sources. Events that generate overland or high 
velocity flows mobilize P, often bound to particles, from land and stream channel 
surfaces (Sharpley et al. 1999). Storms are typically linked to increased P fluxes in 
agricultural watersheds, and a large fraction of annual P export can occur during just 
a few events (Correll et al. 1999; Novak et al. 2003; Sharpley et al. 2008). However, 
this may depend on the soil characteristics, propensity of soils/sediments to erode, 
and whether P source areas overlap with transport pathways (Dillon and Kirchner 
1975; Sharpley et al. 1999; McDowell et al. 2004). 
N dynamics are complex over event and long term scales with a variety of 
responses depending on hydrology, land use, climate, and watershed features 
(Mitchell et al. 1996; Cirmo and McDonnell 1997; Norton and Fisher 2000; Poor and 
McDonnell 2007; Schaefer and Alber 2007; Steinburg et al. 2011; Howarth et al. 
2012). In forested watersheds, many studies have found that NO3
-
 concentration 
increase during storm events with peaks on the rising limb of the hydrograph 
(McHale et al. 2002; Inamdar et al. 2004, 2006; Rusjan et al. 2008; Christopher et al. 
2008). The flushing hypothesis describes such observations where NO3
-
 and other 
solutes are transported through the shallow subsurface due to the rising water table 
connecting streams with a larger terrestrial area (Hornberger et al. 1994; Creed and 
Band, 1996). In agricultural watersheds NO3
-
 concentrations often decrease during 
storms as a result of “new” event water diluting NO3
-
 rich groundwater (Petry et al. 
2002; Blanco et al. 2010). Event water is composed of direct precipitation, 
throughfall, saturation excess overland flow, and potentially quick subsurface flow. 
Yet others have observed increasing NO3
-




agricultural watersheds or variable results within a site depending on antecedent 
conditions or other factors (Biron et al. 1999; Macrae et al. 2010; Koskelo 2008; 
Jiang et al. 2010). In all cases, NO3
-
 export (Kg N day
-1
) increases during events as a 
result of elevated discharge. However, the short-term patterns of NO3
-
 concentrations 
differ, indicating variable flowpaths, timing, and sources within and across 
watersheds. 
At the annual scale, some studies have concluded that storm events are 
responsible for a majority of NO3
-
 export (Owens et al. 1991; Owens et al. 2008), 
while others suggested NO3
-
 was transported primarily during baseflow (Vanni et al. 
2001; Jordan et al. 1997; Zhu et al. 2012). This often depends on the fraction of the 
annual discharge that can be attributed to base and quickflow. Therefore, it is 
important to compare the percent of annual N export in baseflow with the annual 
Base Flow Index (BFI) to determine if export is proportional to discharge. 
Studies of stormflow dynamics have largely focused on NO3
-
 and P while 
fewer have investigated NH4
+
, which also is an important bioavailable N species that 
can contribute to eutrophication. The hydrologic and biogeochemical processes 
controlling NH4
+




 can adsorb to the soil matrix, 
is subject to nitrification, and in-stream biotic uptake rates are generally higher 
compared to NO3
-
 (Peterson et al. 2001; Ensign and Doyle, 2006). Increasing NH4
+
 
concentrations during storms has been observed in both agricultural and forested 
watersheds, but through different processes. In an agricultural watershed, NH4
+
 
mobilization occurred due to overland flow of near stream agricultural NH4
+
 sources 
(Petry et al. 2002). In forested watersheds NH4
+






 concentrations in throughfall/litter leachate (Hill et al. 1993; Inamdar 2007), 
and/or wetland sources (McHale et al. 2004; Inamdar 2007). In the Choptank basin, 
large peaks in NH4
+
 concentrations have been observed in agricultural watersheds, 
and storm events may account for a significant portion of annual export (Koskelo 
2008) 
Given the variability in hydrochemical responses over event and annual 
scales, more empirical measurements are needed from a diversity of landscapes with 
emphasis on base and quickflow export of different N and P species. This study 
focuses on three small coastal plain watersheds with 0, 25 and 60% (Table 8) of the 
land area dedicated to agriculture, with the remaining portion largely forested. It is 
increasingly recognized that small headwater streams often have high NO3
-
 and TP  
concentrations (Morgan and Kline 2011) and can supply a significant fraction of N 
loading to downstream systems (Alexander et al. 2007).  
Table 8. Area, land use, soil properties, and mean (standard error) baseflow nitrate, total 
nitrogen and total phosphorus concentrations over the 2012-2013 water year for the Marshy 









 TN TP 
MH 1.36 1.0 99 55 1.11 (0.47) 33.3 (3.1) 0.41 (0.07) 
BC 4.84 26 60 1.0 199 (21) 256 (23) 1.15 (0.14) 
SF 8.49 66 28 35 325 (17) 354 (18) 1.32 (0.18) 
 
The objectives of this study were to use three watersheds with a range of 
agricultural land use to 1) characterize hydrologic storm response, 2) investigate 
patterns of nutrient concentrations during storms and baseflow conditions to 
understand transport mechanisms and sources, and 3) compare base and quickflow 




were tested: 1) Stormflow will account for a disproportionate amount of TP and TN 
export at the annual scale, and 2) NO3
- 
will demonstrate flushing behavior (increasing 
concentration during storm events) in the forested watershed, but NO3
- 
concentrations 







The study watersheds are located in the Choptank and Nanticoke River 
Basins, which drain into the Chesapeake Bay from the Delmarva Peninsula (Figure 
1). This area lies within the Atlantic coastal plain physiographic region characterized 
by flat topography (<30 m asl). The hydrogeomorphology typically ranges from 
poorly drained uplands with shallow streams to well-drained, sandy soils with incised 
stream channels (Hamilton et al. 1993). Land use in the Choptank Basin is dominated 
by agriculture (62%), followed by forest (26%) and a small impervious component 
(5%) (Norton and Fisher 2000; Fisher et al. 2006). The climate is humid temperate 
with an average annual rainfall of 112 cm evenly distributed throughout the year and 
stream flow largely driven by seasonal variation in evapotranspiration (Lee et al. 
2000; Fisher et al. 2010).  
The watersheds were selected to represent a range of land use from forest to 
agriculture. Marshy Hope (MH) is a small (1.36 km
2
), 99% forested watershed in 
Nanticoke River Basin (Table 8) dominated by hydric soils (55% of area). The 




is covered by hardwood species. Baltimore Corner (BC) watershed (4.8 km
2
) is 
located in the upper Choptank Basin with 25.6% agricultural, 59.6% forest, and 
13.1% fallow, and 1.7 % impervious surfaces (Table 8). The stream network has been 
largely channelized to drain adjacent fields in production under a corn-wheat-soybean 
rotation. Soils are generally well drained sandy loams, and 67.6% of the watershed is 
partially hydric with only 1% of the area classified as hydric. South Forge (SF) is the 
largest (8.49 km
2
) most agriculturally dominated watershed and is also located in the 
Choptank Basin. The land use is 66.5% agriculture, 28.2% forest, and 5.3% 
impervious surfaces (Table 8). Thirty-five percent of the watershed area contains 
hydric soils exclusively found in the riparian zone. The main channel of the SF 
stream network is not channelized and has an intact floodplain containing mature 
forest. Most of the SF stream network (55%) is buffered by forest, and the remaining 
unbuffered portion is largely ephemeral, zero order ditches.  
Monitoring 
Each watershed was continuously gauged (30 minute intervals) for stream 
depth and temperature with a Solinst Gold Levelogger pressure transducer (Model 
3001, Solinst, Canada). The logger was anchored to a cinderblock at the watershed 
outlet, staff gauges were installed to provide stationary depth datum to compare with 
logger depth, and rating curves were developed to convert stage to discharge (Fisher 
et al. 2010). Discharge was measured over a range of conditions by measuring cross 
sectional area and velocity using a Flo-Mate (Model 2000, Marsh-McBirney, 
Loveland, CO), but a StreamPro Acoustic Doppler Current Profiler (Teledyne RD 




Baseflow samples were collected approximately monthly at the stream 
gauging station in 1000 mL plastic bottles from September 2012 to October 2013 and 
kept on ice until returning to the laboratory. Storms were sampled episodically using 
ISCO auto-samplers (Models 3700 and 6712, Teledyne ISCO, Lincoln, NE). ISCOs 
were manually initiated and programmed to sample every hour over 48 hours 
compositing two samples per bottle. Stream discharge and baseflow chemistry has 
been monitored at SF since 2003, since 2006 at MH, and BC monitoring began with 
this study. Data collected prior to this study at MH and SF (Koskelo et al. in prep) 
were analyzed for comparison. 
Laboratory Analysis  







, pH, and conductivity. Upon returning to the laboratory, conductivity, 
temperature (Yokogawa SC82, Tokyo, Japan), and pH (VWR Synphony, Randor, 
USA) were measured. Samples were filtered with GFF filters for analysis of 
dissolved nutrients. Unfiltered aliquots were autoclaved with a persulfate reagent 
(Valerama 1981) for subsequent TN and TP analysis. When samples were not 





, and TP (as PO4
3-
 after persulfate digestion) were analyzed using 
colorimetric methods. TN and NO3
-
 (nitrate + nitrite, but will be referred to as NO3
-
) 
were measured with a Technicon AutoAnalyzer II at the Horn Point Laboratory 




Data Analysis and Calculations 
Daily precipitation data were acquired from eight weather stations that were 
within 5-55 km of the watersheds including seven NOAA National Climatic Data 
Center stations (http://www.ncdc.noaa.gov/cdo-web/) as well the University of 
Maryland Wye Research Center National Atmospheric Deposition Program (NADP) 
site (http://agresearch.umd.edu/wye/weather-data). No weather stations were located 
within the watershed boundaries; therefore, daily precipitation for each watershed 
was estimated using an arithmetic mean of the nearest 4-5 stations which varied 
depending on the watershed. Most of the stations were highly correlated (r = 0.69-
0.90) with little bias (linear regression slopes 0.65-1.04) using daily data from 2007-
2013 indicating relatively minor spatial variability (Table 9).Wye and Royal Oak 
were the exceptions since they are located the furthest west, but after applying a 1 day 
lag correlations improved and bias was reduced. 
 
Table 9. Spearman-rank correlation coefficients (top right panel) between all precipitation 
stations using daily data from 2007 to 2013. All P-values were <0.001.  *Denotes where 1 
day lag applied. 
  Trappe Easton Seaford Greensboro Denton Vienna Wye 
Royal 
Oak 
Trappe - 0.90 0.77 0.85 0.87 0.72 0.79* 0.66 
Easton 
 
- 0.77 0.85 0.87 0.70 0.84* 0.65 
Seaford   - 0.78 0.77 0.70 0.68* 0.52 
Greensboro    - 0.88 0.69 0.78* 0.59 
Denton     - 070 0.81* 0.62 
Vienna      - 0.70* 0.74* 
Wye       - 0.60 






 Discharge was separated into base and quick flow and storm events were 
identified on an annual time scale using the 1-day Sliding Average with Rainfall 
Record (SARR) method (Koskelo et al. 2012). This method was developed for small 
watersheds (<50 km
2
) and previously applied to catchments in the Choptank Basin 
(Koskelo et al. 2012). SARR is based on the smoothed minima technique, or United 
Kingdom Institute of Hydrology (UKIH) method (Gustard et al., 1992). However, it 
has several mathematical modifications and empirical additions; most notably 1) a 
reduced time step to reflect hydrologic response in smaller catchments and 2) rainfall 
data input as a quality control step to verify flow increases. This method is easy to 
implement using a freely available MATLAB® script, requires only daily stream 
discharge and rainfall data, and provides output of event identification as well as daily 
base and quickflow. Output from SARR was incorporated into subsequent 
calculations and allowed partitioning of base and quickflow nutrient export. 
For each event identified by SARR, the antecedent precipitation index (API) 
runoff coefficient, and event base flow index (BFIevent) were calculated. API is an 
indicator of the soil moisture conditions prior to storm events by weighting daily 
precipitation (McDonnell et al. 1991; Inamdar and Mitchell 2006). API was 
calculated 7 (API7) and 14 (API14) days prior to all events representing shallow and 
deeper aquifer conditions, 




       (Eq. 11) 
where x = 7 and 14 days before an event, and pi is the daily precipitation (mm) on the 
ith day preceding the event. Runoff coefficient (ROC) was calculated by dividing the 




meters).  Quickflow depth was estimated within the SARR program by dividing 
quickflow volume (QFevent, m
3
) by watershed area (A, m
2
). BFIevent was calculated 
with SARR output by dividing the event baseflow (m
3
) by event total flow (m
3
). 
    
         ⁄
 
  (Eq. 12) 









, and conductivity were calculated using sampled concentrations and 
continuous (30 minute) discharge data. Hydrogen ion concentration (H
+
) was logged 
following weighting to convert back to pH.  Each storm flow sample represented two 
hours, therefore the 30-minute discharge data were averaged over the same time 
period (Qi, L s
-1
) and multiplied by concentration (Ci, μmol L
-1
). The sum of these 
two hour flux rates were divided by the total discharge during the 48 hour sampling 
period as in equation (13).  
     
        
   
   (Eq. 13) 
Storm flow often lasted longer than could be sampled in 48 hours. Hysteresis 
patterns were utilized to extrapolate over the unsampled portion of storms, typically 
the long recession tails. The midpoint between the first and last time point was 
interpolated and this concentration (Cest) was assumed to equal the volume-weighted 
mean concentration of the unsampled portion of the storm. Total event volume-
weighted mean concentration was then calculated by summing the product of 
sampled and unsampled volume-weighted means and volumes and divided by total 
volume. 
           
∑                              
∑             




 Annual N and P export were separated into base and quickflow components 
based on daily SARR discharge output and base and stormflow chemistry. Three 
different approaches were used depending on observations of storm and baseflow 
chemistry. 1) If a significant relationship was found between EMC and event 
quickflow or total flow volume, then this regression was used to estimate EMC for 




 in BC and SF; Figure 15). At the event scale, 
export was attributed to base or quickflow using separated flow data and extrapolated 
EMC values. Between storms, monthly baseflow concentrations and daily discharge 
data were used to calculate export and added to the baseflow component of event 
export for the annual calculation. 2) If there was no relationship between EMC and 
quickflow volume, but EMC and baseflow concentrations were significantly different 
(Kruskal-Wallis test), then the average sampled EMC was applied to all unsampled 





 in MH; NO3
-
 and TN in BC; NO3
-
 in SF). Export between events 
was calculated as in approach one. 3) If there was no difference between sampled 
baseflow concentrations and EMC or relationships for extrapolation, baseflow 
concentrations and daily discharge separated into base and quickflow were used to 
estimate annual export (e.g. PO4
3-







 The 2013 water year (WY) was preceded by a summer drought in 2012; 
however, precipitation in 2013 (136 cm, Table 10) was greater than the long-term 
annual mean of 112 cm (Lee et al. 2000). The water year began with little 
 
Figure 15. (A) Event volume weighted mean concentration (EMC) of PO4
3-
 vs event 
quickflow (r
2
 = 0.86, P<0.001), (B) EMC of TP vs event total flow (r
2
 = 0.83, P<0.001), and 
(C) EMC of NH4
+
 c vs event total flow (r
2






precipitation, experienced an extreme event in October, Hurricane Sandy, and had an 
unusually wet summer in 2013 (Figure 17-19). Thirty-eight percent of the annual 
precipitation occurred during Hurricane Sandy and the month of June. A majority of 
storm events identified by SARR were small (0-2 cm) with few large storms greater 
than 10 cm (Figure 19a). 
The hydrology of MH, BC, and SF watersheds differed on annual and event 
time scales over the 2013 water year. MH had a unimodal baseflow distribution 
peaking in February (Figure 16), while BC and SF had bi-modal distributions in 
baseflow with peaks in December-January and June (Figure 17-18). Baseflow 
separation using SARR estimated Base Flow Indexes (BFI) of 32, 43, and 65% for 
MH, BC, and SF respectively (Table 10).  BFI was slightly below the mean for the 
MH and SF sites which had flow data since 2006 and 2004 respectively (Table 10).  
 
Table 10. Annual precipitation, Base Flow Index (BFI), water yield, and percent of 
precipitation lost as evapotranspiration (estimated as precipitation minus water yield) in the 
South Forge, Marshy Hope, and Baltimore Corner watersheds. 
 




















2005 104 73 42 62 - - - - - - 
2006 124 64 31 93 - - - - - - 
2007 93 71 46 47 37 69 24 - - - 
2008 104 63 23 81 56 3 102 - - - 
2009 129 73 44 85 - -  - - - 
2010 144 55 69 75 19 72 65 - - - 
2011 143 48 51 92 35 18 117 - - - 
2012 97 85 60 37 66 12 85 - - - 
2013 135 65 74 61 32 54 84 43 85 38 
           





SARR detected 53, 52, and 63 storm events in MH, BC, and SF respectively 
over the 2013 WY, but most events produced little to no quickflow. As expected, 
hydrologic variables (i.e. event precipitation, quickflow, peak flow, BFIevent) were 
highly correlated (Table 11for details on all regressions). Excluding the largest event 
at the MH site (Hurricane Sandy), event precipitation was positively correlated with 
event quickflow (r
2
 = 0.60-0.93) with a different slope for each watershed. The slopes 
of these regressions represent the average proportion of precipitation that became 
quickflow: 0.59, 0.46, and 0.30 for MH, BC, and SF respectively. MH and BC slopes 
were not significantly different from each other but they were different from SF 
(Figure 19b). Hurricane Sandy was included in a separate regression analysis of only 
MH data partitioned by API7 less than and greater than 1, which resulted in 
drastically different slopes in the quickflow versus precipitation relationship (Figure 
19c).  
There was no such separation by API7 at BC or SF. Considering only storms 
that had ≥2 cm of precipitation, API7 and API14 were weakly, but significantly, 
correlated with the runoff coefficient in the MH (r
2
 = 0.28 and 0.59) and BC (r
2
 = 
0.30 and 0.29) watersheds but not in SF (Table 11). Event quickflow was also 
significantly related to peak discharge (r
2
 = 0.88-0.99, Table 11) with varying slopes 
for each watershed, but again MH and BC were not significantly different (Figure 
20a). The BFI for each event (BFIevent) was negatively and non-linearly related to 






Figure 16. SARR output from the Marshy Hope watershed over the 2013 water year. Top 
panel is daily precipitation (cm), middle panel is the log of daily discharge (cm day
-1
) as well 
as the separated baseflow represented by the dashed line. The bottom panel is the monthly 








Figure 17. SARR output from the Baltimore corner watershed over the 2013 water year. Top 
panel is daily precipitation (cm), middle panel is the log of daily discharge (cm day
-1
) as well 
as the separated baseflow represented by the dashed line. The bottom panel is the monthly 








Figure 18. SARR output from the South Forge watershed over the 2013 water year. Top 
panel is daily precipitation (cm), middle panel is the log of daily discharge (cm day
-1
) as well 
as the separated baseflow represented by the dashed line. The bottom panel is the monthly 

















Figure 19. Top panel (A) shows histogram of event precipitation for storms in all watersheds 
in bins of 2 cm. (B) shows the relationship between precipitation (cm) and quickflow (cm) 
with linear regressions for each watershed. Only MH and BC slopes were not significantly 
different. Hurricane Sandy was omitted for regression in the MH watershed. The bottom 
panel (C) shows only MH data separated by antecedent precipitation index (API7) less than 






Table 11. Details from all regressions including x and y variables, equation, r
2
, P-value, and 
sample size (n). Significant relationships are noted with an asterisk*. 
Sites x y Equation r2 P n 
SF 
peak discharge       
(cm day-1) 
event quickflow  
 (cm day-1) 
y=0.84x -0.09 0.99 <0.0001* 63 
BC 
peak discharge       
(cm day-1) 
event quickflow  
 (cm day-1) 
y=1.55x -0.10 0.88 <0.0001* 52 
MH 
peak discharge       
(cm day-1) 
event quickflow 
  (cm day-1) 
y=1.76x -0.06 0.88 <0.0001* 53 
SF 
Precipitation          
(cm day-1) 
event quickflow 
  (cm day-1) 
y=0.30x -0.24 0.93 <0.0001* 63 
BC 
Precipitation          
(cm day-1) 
event quickflow 
  (cm day-1) 
y=0.46x -0.28 0.84 <0.0001* 52 
MH 
Precipitation          
(cm day-1) 
event quickflow 
  (cm day-1) 
y=0.59x -0.60 0.6 <0.0001* 52 
all 
Precipitation         
(cm day-1) 





- (μmol L-1) y=550x-0.27 0.61 0.001* 14 
BC 
 base and storm 
discharge (L s-1) 
base and storm NO3
- 
(μmol L-1) 
y=690 x-0.37 0.77 <0.0001* 116 
BC 
base/storm cond     
(μS cm-1) 
base and storm NO3
- 
(μmol L-1) 
y=1.33x -37.5 0.79 <0.0001* 116 
SF 
baseflow cond        
(μS cm-1) 
baseflow NO3
- (μmol L-1) y=0.58x+248 0.008 0.18 110 
SF 
stormflow cond      
(μS cm-1) 
stormflow NO3
- (μmol L-1) y=2.01x-10.9 0.34 <0.0001* 112 
MH API7 runoff coefficient y=0.09x+0.06 0.28 0.014* 21 
MH API14 runoff coefficient y=0.06x-0.04 0.59 <0.001* 21 
BC API7 runoff coefficient y=0.03x+0.23 0.3 0.01* 21 
BC API14 runoff coefficient y=0.02x+0.19 0.29 0.01* 21 
SF API7 runoff coefficient y=0.001-0.18 0.002 0.87 21 
SF API14 runoff coefficient y=0.004-0.15 0.05 0.34 21 
MH API7 EMC TP (μmol L-1) y=0.07x+0.76 0.24 0.32 6 
MH API7 EMC TN (μmol L-1) y=0.07x+0.76 0.24 0.32 6 
SF API7 EMC NO3
-  (μmol L-1) y=-6.81x+242 0.2 0.45 5 
BC API7 EMC  NO3
-  (μmol L-1) y=-5.02x+119 0.66 0.09 5 
BC, 
SF 




volume (m3 day-1) 
EMC PO4
3-  (μmol L-1) y=1.3*10-5x +0.16 0.86 <0.001* 8 
BC, 
SF 
event total volume 
(m3 day-1) 
EMC  TP (μmol L-1) y=2.1*10-5x +0.59 0.83 0.0002* 10 
BC, 
SF 
event total volume 
(m3 day-1) 
EMC NH4
+  (μmol L-1) y=4.8x10-5 -2.33 0.64 0.016* 8 
SF water yield (cm) TN export (Kg ha-1 yr-1) y=0.54x+1.129 0.86 <0.001* 9 
SF water yield (cm) TP export  (Kg ha-1 yr-1) y=0.21x-0.23 0.39 0.07 9 
MH water yield (cm) TN export (Kg ha-1 yr-1) y=0.072x+0.023 0.99 <0.001* 6 
MH water yield (cm) TP export  (Kg ha-1 yr-1) y=0.0025x+0.0025 0.99 <0.001* 6 
















Figure 20. Top panel (A) shows the relationship between peak flow and quickflow (cm) with 
linear regressions for each watershed. BC and MH slopes were not significantly different, but 
they are both significantly greater than SF. The bottom panel (B) shows the negative non-








Monthly baseflow concentrations were variable, but some patterns emerged 
which were generally consistent with long term trends (Figure 21). At MH, NO3
-
 was 
typically below 1 μM, but peaked from January to March. NH4
+
 remained low (< 2 
μM) most of the year but a summer peak in concentration was observed from June to 
August. The observed patterns are consistent with the monthly average concentrations 
at MH since 2006, but TP and PO4
3-
 were lower on average (Figure 21). In SF, NO3
-
 
and TN had a bimodal pattern with peaks in January and late summer (August-
September). Warm season NH4
+
 peaks have also been observed at SF, but with 
greater variance. Patterns at SF generally agreed with long term monthly averages 
since 2004 (Figure 21). At both MH and SF, baseflow NH4
+ 
concentrations were 
weakly but significantly related to stream temperature (r
2
 = 0.23 and 0.19 
respectively, P<0.001) over the period of record (Figure 22, Table 11). 
At BC, no patterns in monthly nutrient concentrations were observed except 
for NO3
-
, which was low in winter and high in summer. NO3
-
 varied as an inverse 
power function with instantaneous streamflow during baseflow (r
2
 = 0.61) as well as 
when combining all instantaneous stormflow and baseflow data (r
2
 = 0.77, Figure 
23c). NO3
-
 was positively correlated with specific conductivity during baseflow (r
2
 = 
0.84) as well as all instantaneous base and stormflow measurements at BC (r
2
 = 0.79, 





 = 0.34, Figure 23a) was observed at SF (Table 11); 






Figure 21. Left panel shows mean monthly concentrations (black circles) from 2004-2013 as 
well as data over the study period (white triangles) in the SF watershed. Right panel is the 





Figure 22. (A) Baseflow NH4
+
 concentration vs stream temperature at MH from 2006-2013 
(quadratic-dashed line, r
2
 = 0.23, P = 0.008), and SF from 2004-2013 (linear-solid line, r
2
 = 
0.19, P < 0.001). 
 




, and TP were consistent with 
what would be expected based on land use, and average concentrations of these 
constituents were significantly different between sites (Table 12, Figure 24). NH4
+
 
was not different between any sites during baseflow and was a small fraction of the 
TN on average (7.2, 1.2, and 0.76% for MH, BC, and SF respectively). NO3
-
 was 
small fraction of TN at MH in base (3.5%) and storm flow (4.9%), but was the 
dominant N species at BC and SF in base (77 and 91% of TN) and stormflow (54 and 
67% of TN). PO4
3-
 accounted for 37, 43, and 43% of TP in baseflow at MH, BC, and 
SF respectively. During stormflow, PO4
3-
 was a lower proportion of TP: 12, 31, and 
27% in MH, BC, and SF. Organic and/or particulates were the dominant forms of N 






Figure 23. Top panel (A) shows instantaneous NO3
-
 vs conductivity during base and 
stormflow, only stormflow was significant (r
2
 = 0.35, P < 0.0001), in the SF watershed. (B) 
Shows the same for the BC watershed (base and storm, r
2
 = 0.79, P < 0.0001). (C) 
Instantaneous NO3
-
 concentration during base and stormflow vs discharge and in the BC 
watershed. An inverse power function was fit (r
2







Table 12. P-values from Kruskal-Wallis tests. In the top panel, base and storm flow  
were compared within each site. In the bottom panel, baseflow concentrations were 
compared between sites. Italics highlight significant differences. 
 
Base vs. Storm flow         
Site PO4 TP NH4 NO3 TN 
BC 0.33 0.045 0.174 0.0002 0.015 
MH 0.86 0.002 0.047 0.02 0.016 
SF 0.17 0.005 0.146 0.026 0.126 
      Comparison of baseflow between sites 
  BC-SF 0.327 0.66 0.415 0.002 0.012 
BC-MH 0.0002 0.007 0.196 <0.0001 <0.0001 
SF-MH <0.0001 0.0002 0.173 <0.0001 <0.0001 
 
 
Figure 24. Comparison of baseflow and volume weighted stormflow concentrations in the 
MH, BC, and SF watersheds for (A) PO4
3-
, (B) TP, (C) NO3
-
, and (D) TN over the 2013 water 
year. Boxes indicate upper and lower quartiles with the mean (black line). Dashed lines 
indicate the variance with extremes indicated by white circles. See Table 5 for significant 
differences between sites as well as between base and storm flow. There is a clear land use 
effect on NO3
-
 and TN during all conditions, but only during stormflow for PO4
3-









Stormflow chemistry was sampled during six events at MH and five at BC 
and SF from October 2012 to June 2013. The sampled storms represented a wide 
range of hydrologic characteristics (Table 13), but overall small sample size with bias 
towards the winter and spring of 2013 since there were few storms during the dry 
summer and fall of 2012. One fall storm (Hurricane Sandy) was captured, but only at 
MH due to flooded instrumentation at the other sites. Significant differences were 
detected between baseflow concentrations and EMC in each watershed for certain 
species of N and P (Figure 24; Table 12).  
Examples of storm hydrographs and chemographs from each watershed are 
plotted in Figure 25-27. Only TP demonstrated a similar patter, rising limb peaks, in 
all watersheds. The remaining nutrients exhibited different patterns depending on 
land use: the forested (MH) versus agricultural watersheds (BC and SF). At MH, TN 
had simultaneous peaks as TP, and NO3
-
 sometimes demonstrated minor rising limb 




 during storms. BC 
and SF had similar responses. TP and PO4
3 
increased with discharge with rising limb 
peaks. NH4
+
 also generally increased with discharge, but often peaked on the falling 
limb in SF and the rising limb in BC. In both BC and SF, NO3
-
 was diluted during all 
storms. Concentration was also plotted versus discharge instead of time to observe 







Table 13. Hydrologic characteristics of each sampled storm event, the mean of all storms 
detected by SARR, and mean of all storms that were greater than 2 cm over the 2013 water 




















BC 12/21/12 2.5 1.05 3.60 7.94 0.82 1.80 0.54 0.32 
BC 1/15/13 4.2 1.04 1.38 1.38 2.11 3.45 0.39 0.50 
BC 2/8/13 1.4 0.18 0.99 3.63 0.10 0.25 0.60 0.07 
BC 4/19/13 3.4 0.46 4.36 6.22 0.54 1.52 0.65 0.16 
BC 6/6/13 12.4 3.21 7.10 8.36 2.97 4.60 0.35 0.24 
          Mean all events 2.60 0.74 3.54 6.25 0.92 1.6 0.71 0.20 
mean all events >2 cm 5.27 1.57 4.01 7.11 2.13 3.17 0.46 0.35 
          MH 10/28/12 25.7 1.41 0.06 1.49 1.40 1.80 0.22 0.05 
MH 12/21/12 2.2 0.16 1.91 5.02 0.10 0.35 0.71 0.05 
MH 1/15/13 5.1 0.48 1.59 1.60 1.40 2.19 0.36 0.28 
MH 2/8/13 1.8 0.25 0.75 2.94 0.27 0.91 0.70 0.15 
MH 4/4/13 2.6 0.33 0.45 2.57 0.58 0.93 0.38 0.22 
MH 4/19/13 3.0 0.25 3.00 4.89 0.37 0.80 0.54 0.12 
          Mean all events 2.6 0.42 2.82 5.72 0.68 0.94 0.72 0.14 
mean all events >2 cm 5.46 0.94 2.15 4.91 2.08 1.65 0.50 0.24 
          SF 12/21/12 2.5 0.62 3.60 7.94 0.32 1.03 0.69 0.12 
SF 1/15/13 4.2 0.75 1.38 1.38 0.61 1.70 0.64 0.15 
SF 4/4/13 2.4 0.47 0.59 3.11 0.25 1.16 0.78 0.11 
SF 4/19/13 3.4 0.48 6.22 4.36 0.36 1.64 0.78 0.11 
SF 6/6/13 12.4 4.49 7.10 8.36 3.42 4.43 0.23 0.28 
          Mean all events 2.15 0.59 3.82 6.65 0.40 1.01 0.80 0.18 














(top), TP, and PO4
3
 (bottom) 
during the Hurricane Sandy (October 2012) in the MH watershed. 
 




(top), TP, and PO4
3
 (bottom) 









(top), TP, and PO4
3-
 (bottom) 
during the June 2013 storm in the SF watershed. 
 





) reflected the amount of agricultural land use, and 
quickflow dominated annual nutrient export, except for TN and NO3
-
 at SF (Figure 




 and TP was 




 at MH, BC and SF respectively (Table 14). TN 
export was proportional to flow in all watersheds at the event scale (Figure 32) and 
also annually when comparing BFI and percent export in baseflow (Table 14). In 













dominated by baseflow as indicated by the % export in baseflow exceeding the 
annual BFI.  
 




, TP, and PO4
3-
 during a 
January (left) and April (right) storm in the MH watershed during 2013. Gray triangles show 
the starting point and indicate the initial direction (up or down). Dashed arrows connect the 









, TP, and PO4
3-
 during a 
January (left) and June (right) storm in the BC watershed during 2013 Gray triangles show 
the starting point and indicate the initial direction (up or down). Dashed arrows connect the 










, TP, and PO4
3-
 during an April 
(left) and June (right) storm in the SF watershed during 2013. Gray triangles show the 
starting point and indicate the initial direction (up or down). Dashed arrows connect the last 












, and TN over the 2013 water 
year attributed to base (black) and quickflow (gray) in the MH (top), BC (middle), and SF 








Figure 32. Relationship between % annual discharge and % annual export of TP and TN 
from individual storm events in the BC watershed. Sampled storm data was extrapolated to 
all unsampled events to estimate export. TP reaches a threshold storm size (5.8% of annual 




), and export rapidly increases above the 1 to 1 line. 




), annual BFI, and percent of annual export attributed 








  TN TP 
annual 
BFI 
Marshy Hope      0.32 
Export coefficients  0.02 0.10 0.16 3.89 0.12  
% export in baseflow 41 38 31 31 18  
% export in quickflow 59 62 69 69 82  
       Baltimore Corner      0.43 




) 0.66 1.18 12.8 20.7 1.48  
% export in baseflow 23 26 47 45 28  
% export in quickflow 77 74 53 55 72  
       South Forge 
     
0.65 
Export coefficients  0.46 1.02 24.4 38.1 1.16 
 % export in baseflow 30 31 68 67 39 
 % export in quickflow 70 69 32 33 61   
       
Beaulac and Reckhow (1980)       
Forest    1.4-6.3 0.02-0.83  
Row crops    0.26-79 2.1-18  






Data collected prior to 2012 at MH and SF demonstrated inter-annual 
variation in TN and TP export, as well as the proportion attributed to baseflow and 
quickflow. At MH, export was highly variable with TN ranging from 0.18 to 5.1 




 (Figure 33). The 
proportions of TN and TP export attributed to baseflow were approximately equal 
each year, but varied inter-annually from 15 to 66% (Figure 33). At SF, TN and TP 





respectively (Figure 34). The proportion of TN exported by baseflow ranged from 52 
to 83% and TP from 25 to 66% (Figure 34). As expected because of the 
autocorrelation of discharge and export, water yield and TN export were positively 
related at MH (r
2
 = 0.99) and SF (r
2
 = 0.85) TP was significantly correlated with 
water yield at MH (r
2
 = 0.99, Table 11), but not at SF. Export during the 2013 WY 
was above average as a result of the above average water yield. 
 
Discussion 
Hydrology   
Hydrologic response varied between the watersheds likely as a result of land 
use, watershed size, and soil properties. At the MH forested watershed, streamflow 
decreased during the growing season, ceased flowing during the summer of 2012 due 
to drought conditions, and peaked in late winter (Figure 16). This pattern is indicative 
of evapotranspiration (ET) and the poorly drained soils. At the BC and SF sites, large 






Figure 33. TN (top) and TP (bottom) annual export over water years 2006 to 2012 in the MH 
watershed as indicated by the line graph and left y-axis. Bar graphs (right y-axis) show the 
percent exported in baseflow, the remaining percent was due to stormflow. The 2008-2009 
water year is not shown due to missing discharge data from instrument failure. 
 
high ET (e.g. summer 2013; Figure 17-18). On average, water yields were higher in 
the agriculturally dominated watershed (SF) and ET was higher in the forested 
watershed (MH) (Table 10). This is consistent with the well-established link between 
decreasing forest cover and increasing water yields as a result of lower 





Figure 34. TN (top) and TP (bottom) annual export over water years 2005 to 2013 in the SF 
watershed as indicated by the line graph and left y-axis. Bar graphs (right y-axis) show the 
percent exported in baseflow, the remaining percent was due to stormflow. 
 
Comparing annual BFI (SF > BC > MH) between the watersheds seems 
counter intuitive from a land use perspective, but is likely an effect of watershed size. 
As watershed size increases, streams generally become less “flashy” (Baker et al. 
2004); therefore, baseflow conditions are dominant in streams draining larger areas. 
Applying the Richards-Baker flashiness Index (Baker et al. 2004) to these watersheds 
(0.68 for MH, 0.53 for BC, and 0.38 for SF), the smallest watershed (MH) was the 
flashiest following the same pattern as BFI and proportion of rainfall that becomes 
quickflow. Hydric soils may also play a role when comparing BC and SF. The SF 




in BC. Koskelo et al. (2012) demonstrated that annual BFI increased with percent 
hydric soils in adjacent agricultural watersheds as a result of increased ponding. 
 On an event basis, response also differed between the watersheds despite 
receiving similar precipitation inputs. The average fraction of precipitation became 
quickflow was greatest in MH and least in SF (Figure 19b), again likely an effect of 
watershed size. Smaller watersheds have shorter flowpaths before entering the stream 
network and converging at the outlet; therefore, MH generally exported a greater 
proportion of the rainfall as quickflow except under dry conditions. However, a 
sample size of three is too small to generalize beyond these data. Furthermore, there 
are drastic differences in the soil properties (i.e. % hydric) and their spatial 
arrangement which may have an impact on stormflow response. 
Antecedent soil moisture conditions are often a strong control on hydrologic 
response (Dunne and Black 1970). The relationship between precipitation and 
quickflow appears to be influenced by antecedent soil moisture conditions in the MH 
watershed, but there is less evidence for this at BC and SF. When API7 was less than 
one, the slope of quickflow versus precipitation regression dramatically decreased 
compared to events with API7 greater than one (Figure 19c). However, this was 
driven by the largest precipitation event (Hurricane Sandy) which had a minor 
quickflow response. Hurricane Sandy far exceeded any precipitation event in the 
2013 WY, but was only the 6
th
 largest event by discharge at MH. This may reflect the 
ability of this forested watershed to retain large amounts of storm water under dry 
conditions. In the BC and SF watersheds, Hurricane Sandy was the largest discharge 




Further evidence of the effect of antecedent soil moisture on storm response 
was provided by the significant positive correlation between runoff coefficient and 
API7 and API14 for storms with precipitation ≥2 cm or greater in the MH and BC 
watersheds, but not SF (Table 11). In the MH and BC watersheds, as antecedent soil 
moisture increased the proportion of the precipitation that became quickflow (runoff 
coefficient) increased. However, these correlations were not strong (r
2
 = 0.3- 0.6) and 
did not exist at SF. The API calculation used in this study is a simple proxy for soil 
moisture conditions that is useful in the absence of measurements, but it is not a 
comprehensive index that takes into account evapotranspiration or antecedent 
hydrologic conditions such as streamflow and water table elevation. Therefore, it is 
unlikely to be a strong predictor of stormflow response. Some studies have found 
antecedent hydrologic conditions and precipitation to be strongly related to runoff 
response (Heppel et al. 2002; James and Roulet 2007). In coastal plain watersheds of 
southern USA, Epps et al. (2013) did not find a correlation between API and runoff 
coefficients. However, they did find water table elevation and initial streamflow, both 
likely influenced by soil moisture conditions, to be important runoff controls. Macrae 
et al. (2010) found similar correlations as Epps et al. (2013), but no predictive 
relationships over a large number of storms and attributed this to the variability and 
non-linearity of hydrologic response to storm events.  
 The relationship between peak discharge and event quickflow (Figure 20a) 
suggests SARR accurately identified events and that both event quickflow and peak 
discharge describe event size. The difference in slopes between the watersheds 




in MH and BC compared to SF. This effect can also be observed by the more rapid 
decrease in BFIevent as peak discharge increases at MH compared to SF (Figure 20b). 
Watershed size and perhaps soil properties likely play a role as previously discussed. 
Also, stream morphology may have an effect at BC which is 3.5 times larger than 
MH, yet the storm response was not significantly different between these watersheds. 
The BC stream network is mostly channelized, lacking riparian buffers, and is 
therefore by design routing floods more efficiently. In contrast, much of the SF 
network is buffered and has maintained its natural sinuosity and floodplain 
connectivity which is of course true at MH as well since it is relatively undisturbed. 
At the event scale, SARR may have overestimated quickflow compared to 
hydrochemical baseflow separation methods (Koskelo et al. 2012). In a coastal plain 
watershed using hydrochemical methods, Eshleman et al. (1994) demonstrated that 
“old” water often dominated stream flow during events except during peak flow 
where “new” water could be significant. It should be noted that quickflow and 
baseflow are not necessarily synonymous with new and old water and different 
methods of baseflow separation yield variable results. SARR is best suited for flow 
separation at the annual scale; however, it is sensitive to baseflow increases during 
events and estimated a higher annual BFI than the UKIH smoothed minima approach 
(Koskelo et al. 2012). For the purpose of annual flow separation and analysis of many 
events, SARR is a practical and appropriate method for these small watersheds. 
Phosphorus Sources and Transport Mechanisms 
Event chemographs (Figure 25-27) and hysteresis patterns (Figure 28-30) 
indicate TP and PO4
3-




and overland flows. TP and PO4
3-
 increased with discharge during all events in the 
three watersheds (except for MH storms with little change in PO4
3-
) and peaked on 
the rising limb indicating a first flush from near or in-stream sources. Sharpley and 
Syers (1979) demonstrated that 77% of the TP export was a result of streambank 
erosion and resuspension of material from the streambed, and that 29% of PO4
3-
 was 
from in-situ desorption from particles. However, there were two storms in BC and 
one in SF where PO4
3-
 peaked during the falling limb, perhaps indicating sources of 
desorption from a saturated soil matrix (Gatcher et al. 2004). Given the low 
topographic relief and less frequent overland flows in the coastal plain region, much 
of the P in stormflow likely originated from in-stream/riparian sources or overland 
flows intercepted by ephemeral upstream tributaries. The ultimate source of P in 
streams is overland flow pulses from agricultural fields that over time accumulate P 
in and near streams. Surficial soil P concentrations are known to be high in 
agricultural areas across the Delmarva Peninsula due to the legacy of poultry manure 
amendments (Sims 1998).  
Organic P (PP + DOP) was the dominant form during storms as inferred from 
the difference between TP and PO4
3-
. Previous studies in adjacent Choptank 
catchments (Koskelo 2008) and elsewhere (Correll 1999; Jordan et al. 1997a) have 
demonstrated the importance of organic and/or particulate P during storms and found 
a strong correlation between TP and total suspended sediments (TSS). Sharpley et al. 
(2008) found storm size, as defined by return period (i.e. inverse probability a storm 
of a given size will occur), was related to storm P concentration. This is similar to the 






15). To visualize the effect of storm size, Figure 32 shows the percent of annual TP 
export plotted versus percent of annual discharge accounted for by individual storms. 
This is not a predictive relationship given the autocorrelation of discharge and export, 
and TP export was empirically extrapolated to unsampled events. However, this plot 
may demonstrate the nature of P export in these agricultural watersheds. During small 
events, TP export is below the one to one line meaning less TP is exported 
proportional to discharge. A critical storm size is reached when the TP export curve 




), and TP export 
rapidly increases disproportionate to flow.  
This critical storm size represents flows that suspend PP in the water column 
and/or the expansion of the stream network to include a larger source area. Variable 
source area hydrology (VSA, Dunne and Black 1970) is considered to play an 
important role in P transport (Pionke 1998; Grubek et al. 2002). As the water table 
rises the near stream zone becomes connected with the stream and saturation excess 
overland flow provides a pathway for surficial nutrients to enter the stream. Large 
storms in watersheds subject to VSA may have a compounding effect on TP transport 
due to increasing channel velocities as well as expanding source areas.  
Antecedent soil moisture conditions are important to VSA hydrology and 
runoff generation. API7 was directly related to EMC of TP from BC and SF 
watersheds (r
2
 = 0.60, Table 11, Figure 35). Based on the positive correlations 
between API7 and runoff coefficients as well as EMC of TP concentration, VSA is 
likely an important mechanism for P mobilization in these watersheds as well as 




Management should focus on minimizing inputs and retaining P on the landscape as 
far away from streams and even riparian areas as possible. 
 
Figure 35. Relationship between event volume-weighted mean TP concentration and 
antecedent precipitation index (API7) for the BC and SF watersheds (r
2
 = 0.60, P =0.008). 
 
Nitrate Sources and Transport Mechanisms 
 Baseflow was the main supplier of NO3
-
 to the agriculturally impacted 
streams, BC and SF. The consistent pattern of decreasing NO3
-
 during storm events at 
SF and BC indicated a groundwater NO3
-
 source that was diluted by new event water. 
This is consistent with the high groundwater NO3
-
 concentrations observed in 
agricultural watersheds across the Choptank Basin (Fox et al. 2014; Fisher et al. 
2010). According to the nearest NADP site (Wye Research Center, MD013), the 
mean volume weighted NO3
-
 concentration in precipitation over the study period was 






During storm events, the conflicting hysteresis trends at BC and SF suggest 
different hydrologic flowpaths or timing of NO3
-
 transport. It is impossible to discern 
exactly why these contrasting patterns emerged given the small sample size of storms 
and lack of observations from other end members. However, hysteresis patterns in 
concentration-discharge plots may provide an explanation for the relative 
contributions of NO3
-
 from ground, soil, and event water (Evans and Davies 1996; 
Chanat et al. 2002).  
Only the two largest storms in BC exhibited hysteresis in NO3
-
 (Figure 29). 
The large winter storm’s counter clockwise pattern suggests that soil water 
contributed more NO3
-
 relative to event water with high concentrations along the 
falling limb. NO3
-
 may have accumulated in the vadose zone during the winter. 
Additionally, the water table was higher in January, and this storm was sufficiently 
large to activate subsurface flowpaths to the stream. Baseflow recession can supply a 
large N load to streams during such storms where soil NO3
-
 is flushed (Jiang et al. 
2010). The June 2013 storm’s clockwise hysteresis suggests event water contributed 
more NO3
-
 than soil water. This is unlikely, but possible if NO3
-
 accumulated in 
surficial soils as a result of fertilization, and was transported to the stream via 
overland or quick subsurface flow. The BC (and SF) storms where no hysteresis was 
observed (i.e. NO3
- 
was curvelinearly related to discharge) were likely not large 
enough to sufficiently raise the water table inducing additional flowpaths. This 
reflects a two end member mixing of high NO3
-









In contrast to BC, the typical counter-clockwise or slight figure-eight 
hysteresis at SF (Figure 30) suggests soil water generally contributed more NO3
-
 than 
event water, but only briefly during the falling limb when a figure-eight pattern was 
observed (Chanat et al. 2002). This could be a result of a slower subsurface quickflow 
response at SF given the prevalence of riparian hydric soils (Rusjan et al. 2008; 
Weiler and McDonnell 2006). 
Clockwise hysteresis at BC and SF may also reflect the transition from 
hydrologic to biogeochemically controlled NO3
-
 export as the hydrograph progresses. 
Clockwise hysteresis was only observed during the June 2013 storm at BC when 
biological rate processes (i.e. denitrification and uptake) are probably greater relative 
to the cool season. Clockwise patterns were observed during most events at SF which 
has an extensive and hydric riparian zone that could facilitate N removal. Ocampo et 
al. (2006) demonstrated that in low-relief hill slopes NO3
-
 export during baseflow 
recession can shift from hydrologic to biogeochemical control, most likely as a result 
of riparian denitrification. Therefore, NO3
-
 concentrations are slow to recover to 
baseflow levels following a storm. Other studies have explained similar mechanisms 
of biogeochemical control of NO3
-
 in riparian zones associated with high flows and 
stream stage fluctuations (Gu et al. 2008; 2012). Data from a companion study 
(Gardner et al. in prep), reported high NO3
- 
concentration in emerging groundwater in 
three BC stream reaches (mean = 226 μM, range = 0-1138 μM) compared to one SF 
reach (mean = 0.47 μM, range = 0.27-0.67 μM). This suggests the riparian zone of SF 
is actively removing agricultural NO3
-
, but in BC removal is relatively less efficient 




The relationship between discharge and NO3
-
 may also point to hydrologic 
versus biogeochemical control of NO3
-
 export or sources at the catchment scale. BC 
seems to be dominated by hydrology given the inverse power relationship between 
discharge and NO3
-
 during base and stormflow (Figure 23c). NO3
-
 concentrations 
were greatest during low flow indicating deep groundwater flowpaths may be an 
important NO3
-
 source. Additionally, the contributing area contracts during low flow. 
Therefore, at the watershed outlet the stream water is fed almost exclusively by 
groundwater from adjacent agricultural fields, but this source is diluted by water from 
upland forested areas when the contributing area expands during the cool season. The 
conductivity and NO3
-
 correlation at BC may support this idea of the water mixing 
from different source areas. Mixing occurs between the presumably low NO3
-
/conductivity water from forested areas and high NO3
-
/conductivity water from 
agricultural fields producing this linear relationship (Figure 23b). However, at SF 
(and MH) no relationships were observed between NO3
-
 and discharge or 
conductivity. This may reflect the lack of upstream forest at SF (which are 
exclusively riparian) and/or a stronger biogeochemical control of NO3
-
 export at both 
SF and MH. 
Stormflow NO3
-
 response at the forested MH differed greatly from the two 
agricultural watersheds and suggests an atmospheric NO3
-
 source. The mean NO3
-
 
concentration in precipitation (53 μM, NADP) was much greater compared to 
baseflow (1.1 μM) and shallow riparian groundwater (0.4 μM, Bunnell-Young 
unpublished data). Direct precipitation and throughfall likely contributed to the minor 
NO3
-




consistent hysteresis patterns. During Hurricane Sandy, the highest NO3
-
 
concentration at MH was recorded (10 μM) which peaked along the rising limb, was 
diluted by peak flow, and then increased again (Figure 25). The second NO3
-
 peak 
was the only potential evidence of flushing soil NO3
-
 since this event occurred 
following a severe summer drought when soil NO3
-
 could accumulate and hydrologic 
transport could be delayed until after peak flow. Therefore, the hypothesis that MH 
would exhibit NO3
- 
flushing behavior was not supported since when trivial increases 
in NO3
- 
during storms were observed, it was likely a result of direct atmospheric 
inputs and throughfall with little to no flushing from soils. 
Atmospheric N deposition has caused N saturation in many forests resulting in 
leaching of dissolved N during storm events (Aber et al. 1989; Aber et al. 2003). 
There is no sign of nitrogen saturation at MH, unlike many of the forested systems 
that have been studied in the eastern US (Stoddard 1994; Peterjohn et al. 1996; 
Driscoll et al. 2003). However, recent evidence indicates N export from forested 
watersheds is decreasing as a result of decreasing N deposition (Eshleman et al. 
2013). MH has been monitored since 2006 with consistently low baseflow NO3
-
 
concentrations around 1 μM and often below the detection limit (<0.05 μM).  
As opposed to the competing hydrologic/biogeochemical control of N export 
in the agricultural watersheds, MH seems to be tightly biologically controlled through 
biotic uptake as well as the frequently saturated, reducing terrestrial environment. In a 
forested watershed in Canada, Hill et al. (1999) proposed stream N chemistry could 




events. Entirely forested watersheds are rare on the Delmarva Peninsula, but those 
that exist may be an important sink for atmospheric N inputs. 
Ammonium Sources and Transport Mechanisms 
 The similar long term seasonal patterns in NH4
+
 baseflow concentrations in 
the MH and SF streams suggest a biological control and wetland source (Inmadar 
2007). Most of the upstream MH watershed is a forested wetland, and at SF the 
riparian zone contains many pockets of wetlands. During the warm season, NH4
+
 
production across the watershed likely increases as a result of suppressed in-stream 
nitrification, due to low dissolved oxygen concentrations and flow, as well as 
enhanced N mineralization (Devito and Dillon 1993; McHale et al. 2004).  
 Consistent with baseflow patterns, storm events occurring under warmer 
conditions produced the largest NH4
+ 
peaks compared to winter storms. In all cases, 
NH4
+ 
increased during storms in BC and SF. However, contrasting hysteresis patterns 
suggested different sources or transport mechanisms. At SF, hysteresis was generally 
counter-clockwise, but clockwise or no hysteresis at BC (Figure 29). For BC this 
suggests NH4
+
 was primarily transported via overland flow, re-suspension of in-
stream material, and/or desorption from streambanks similar to PO4
3-
 (Gatcher et al. 
2004). These processes also likely contributed to NH4
+
 mobilization at SF, but 
elevated falling limb concentrations and counter-clockwise hysteresis (Figure 30) 
indicated a subsurface flowpath (i.e. soil water source) or a delayed hydrologic 
pathway. Petry (2002) found rising limb peaks in NH4
+
 in agricultural catchments and 




have compacted riparian soils, but small dairy operations are present near the 
headwaters.  
Inamdar (2007) also found similar NH4
+
 patterns during storm events but in a 
forested watershed. Using detailed end member measurements, Inamdar (2007) 
concluded NH4
+ 
in throughfall and litter leachate was an important source during 
storms and adjacent wetlands were the primary NH4
+ 
source during baseflow. 
Average volume-weighted NH4
+
 concentration in precipitation over the 2013 WY 
was 17.0 μM (+/- 1.6). Therefore, throughfall may have been an important end 
member at BC and SF during cool season storms with small NH4
+
 peaks (1.4-8.1 
μM), but additional sources would be necessary to produce the peaks observed during 
the warmer months (13- 34 μM). Spring fertilizer applications may have contributed 
to the June storm NH4
+
 export but would not have influenced sampling during earlier 
storm events.  
The lack of NH4
+
 patterns during storms at MH and generally lower 
concentrations suggests atmospheric inputs may explain instances when minor peaks 
were observed on the rising limb (Figure 28). This result, as well as the on average 
higher baseflow concentrations compared to event volume weighted mean 
concentrations of NH4
+
, does not agree with previous studies in forested systems. 
However, no summer storms were sampled, perhaps biasing this result. NH4
+
 
concentrations in streams draining forested watersheds typically increase during 
storms compared to baseflow (Hill et al. 1999; Inamdar 2007). This may suggest 
there was little saturation excess overland flow mobilizing NH4
+






 was adsorbed within the soil matrix and perhaps 
biologically utilized during events. 
Annual Base and Stormflow Export  




) from the study watersheds was comparable with 
previous studies in agricultural and forested systems. In row crop catchments, 














 (mean = 0.24) and a 




 (mean = 2.86). In Maryland Coastal Plain 
watersheds of comparable land use and size, Jordan et al. (1997a) reported TN and TP 
export ranges of 0.86-15.0 and 0.093-1.30 respectively, and observed an increase in 
TP export moving from outer to inner coastal plain. In SF and BC, TN export 
exceeded the range reported by Jordan et al. (1997a). This is likely a result of the 
greater than average precipitation and water yield occurring over the study period.  
TN and NO3
-
 export scaled with land use as expected considering the correlation 
between land use and N concentration (Jordan et al. 1997b; Fisher et al. 2010); 
however, PO4
3-
, TP, and NH4
+
 did not scale with land use (Table 14). Despite having 
2.5 times greater agricultural land use in the SF watershed compared to BC, export of 
PO4
3-
, TP, and NH4
+
 was higher in BC. This was likely an artifact of how event 
export was extrapolated with pooled SF and BC data. Also, event NH4
+
 export may 
be overestimated during the cool season since the temperature effect on NH4
+
 
concentration could not be accounted for when extrapolating to unsampled storms. 
Putting these limitations aside, greater PO4
3-
, TP, and NH4
+




SF may also reflect the differences between these watersheds. The lack of riparian 
buffers and extensive channelization of the BC stream network could enhance 
nutrient transport. Yarbro et al. (1984) demonstrated a channelized catchment 
exported more PP and NO3
-
 compared to an un-channelized agricultural catchment in 
the southern coastal plain of North Carolina. 
Quickflow dominated annual nutrient export with the exception of NO3
-
 and 
TN in the SF watershed (Figure 31). However, when comparing the annual BFI to 
fraction exported in baseflow, TN and NO3
-
 export were proportional to flow in all 
watersheds (Table 14). NO3
-
 is primarily transported via groundwater flow, and 





 export were disproportionate to discharge, meaning the percent 
exported during baseflow was lower than the BFI. Export was therefore truly 
dominated by quickflow. This is consistent with studies that have observed NO3
-
 
export proportional to flow and PO4
3-
 and TP export primarily a result of quickflow 
(Vanni et al. 2001; Koskelo et al. 2008; Zhu et al. 2010).  
When considering total event export for individual events not separated into 
base and quickflow components, the largest events were responsible for a substantial 
portion of P and NH4
+
 export at BC and SF. At SF, Hurricane Sandy was estimated to 





respectively. The second largest storm (6% annual flow) at SF was sampled and 














proportional to discharge for all N and P forms. Hurricane Sandy was the largest 
sampled storm at MH which accounted for 3.3% of the annual discharge and 2.9 and 
3.6% of the annual TN and TP export respectively. 
 
Conclusions 





in coastal plain agricultural watersheds, accounting for a disproportionate 
amount of annual export supporting our hypothesis. However, this hypothesis 
was only partially supported since TN was proportional to flow in all 
watersheds, and at the MH forested watershed quickflow had a relatively 
small impact on nutrient export. 
 Annual TN and TP export the BC and SF watersheds was relatively high 
given their percent agriculture (26 and 65% respectively), indicating that 
small streams can be important nutrient sources. However, there was 
substantial inter-annual variation in export due to discharge variability. 
 In agricultural watersheds, NO3
-
 was the dominant N species during base and 
stormflow and groundwater was the source. Organic P (PP and DOP) was 
dominant during storms and was likely mobilized from in and near stream 
sources. NH4
+
 was a small portion of TN and largely from in and near stream 
sources. However, conflicting hysteresis patterns at BC and SF indicated 
subsurface flowpaths may be supplying NH4
+ 
during baseflow recession at SF 




 In the MH stream, N and P occurred predominantly in their organic forms 
during both base and stormflow. The NO3
-
 source during storms was likely 
atmospheric. Warm season NH4
+
 peaks in baseflow were observed suggesting 




 export in the BC watershed was largely hydrologically controlled. 
However, at SF there could be competing hydrologic and biogeochemical 
control. MH had a very limited N supply that is tightly controlled by biotic 
uptake and reducing conditions. 
 Antecedent hydrologic conditions are important for quickflow generation and 
TP export. API7, as a proxy for soil moisture conditions, was weakly but 
significantly correlated with runoff coefficient in two of the three watersheds 
as well as TP export in the agricultural watersheds. 
 The recently developed SARR method (Koskelo et al. 2012) of baseflow 
separation provided accurate event identification and reliable separation at the 
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